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Fei Yan, Ph.D

The University of Texas at Austin, 2012
Supervisor: Danny Reible

Capping is typically used to control contaminant release from the underlying
sediments. However, the presence of conventional caps often eliminates or slows natural
degradation that might otherwise occur at the surface sediment. This is primarily due to
the development of reducing conditions within the sediment that discourage hydrocarbon
degradation. The objective of this study was to develop a novel active capping method,
an electrode enhanced cap, to manipulate the redox potential to produce conditions more
favorable for hydrocarbon degradation and evaluate the approach for the remediation of
PAH contaminated sediment.

A preliminary study of electrode enhanced biodegradation of PAH in sediment
slurries showed that naphthalene and phenanthrene concentration decreased significantly
within 4 days, and PAH degrading genes increased by almost 2 orders of magnitude.

In a sediment microcosm more representative of expected field conditions,
graphite cloth was used to form an anode at the sediment-cap interface and a similar
cathode was placed a few centimeters above within a thin sand layer. With the
application of 2V voltage, ORP increased and pH dropped around the anode reflecting
water electrolysis. Various cap amendments (buffers) were employed to moderate pH

changes. Bicarbonate was found to be the most effective in laboratory experiments but a
vii



slower dissolving buffer, e.g. siderite, may be more effective under field conditions.
Phenanthrene concentration was found to decrease slowly with time in the vicinity of the
anode. In the sediment at 0-1 cm below the anode, phenanthrene concentrations
decreased to ~70% of initial concentration with no bicarbonate, and to ~50% with
bicarbonate over ~70 days, whereas those in the control remained relatively constant.
PAH degrading gene increased compared with control, providing microbial evidence of
PAH biodegradation

A voltage-current relationship, which incorporated separation distance and the
area of the electrodes, was established to predict current. A coupled reactive transport
model was developed to simulate pH profiles and model results showed that pH is
neutralized at the anode with upflowing groundwater seepage.

This study demonstrated that electrode enhanced capping can be used to control
redox potential in a sediment cap, provide microbial electron acceptors, and stimulate

PAH degradation.
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Chapter 1: Introduction

1.1 BACKGROUND

Contaminated sediment has become a major concern at many sites throughout the
United States and the world. A variety of organic and inorganic contaminants such as
chlorinated solvents, aromatic hydrocarbons and heavy metals have been found in
contaminated sediment and pose a risk to ecology and human health. Therefore, an
effective remediation method is needed for the management of contaminated sediment.

Generally, contaminated sediment can be treated by ex-situ or in-situ approaches.
Ex-situ approaches are based on dredging and disposal of the contaminated sediment.
Because of its high cost and limited effectiveness (Palermo et al., 1998; Reible et al.,
2003), dredging is sometimes not applicable for the treatment of contaminated sediment.

An alternative for the management of contaminated sediment is in-situ capping -
the placement of clean material (usually sand) on the sediment to isolate the contaminants
into the overlying water (Palermo et al., 1998; Wang et al., 1991). In-situ capping can be
a relatively cost-effective and noninvasive approach compared to dredging. However,
capping doesn’t necessary provide detoxification, and the risk to ecological and human
health may recur if the contaminant can migrate through the caps. Furthermore,
conventional capping usually drives the entire sediment anaerobic, hindering natural
degradation processes for some contaminants. For example, reducing conditions that
develop beneath the cap hinders the biodegradation of polycyclic aromatic hydrocarbons
(PAHS).

The use of an active capping technology has been proposed to enhance
contaminant degradation in capping layers. Unlike conventional capping, active caps can

facilitate transformations that can detoxify migrating contaminants. The primary
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difficulty in active capping is maintaining conditions conducive to transformations, e.g.
redox conditions, sufficient nutrient or electron donor levels.

Electrochemical remediation is among the processes being investigated for their
potential application in soil and sediment remediation. Laboratory experiments and
limited field work (Renaud and Probstein, 1987; Shapiro et al., 1989; Hamed et al., 1991;
Shapiro and Probstein, 1993; Acar and Alshawabkeh, 1993; Hicks and Tondorf, 1994;
Acar at al., 1995; Lageman, 1993; Gent et al., 2009) have shown the effectiveness of this
novel approach. In most of these reported cases, decontamination of organic contaminant
was achieved by direct electrochemical oxidation and/or reduction. Some other
successful electro-remediation includes sequestration of heavy metals at the electrode and
collection of contaminants by electrokinetic process for further treatment. However,
almost all these processes are not cost-effective due to the requirement of high voltage
input, and they do not utilize the biodegradation potential of indigenous microorganisms
in soil/sediment.

In this study, electrode enhanced capping is proposed and investigated for the
bioremediation of contaminated sediment. In contrast to other electrode based
remediation technologies, this approach uses low power, and integrates biodegradation
into electrochemical process. The application of the electrodes is designed to modify
redox conditions in a thin layer in the immediate vicinity of the electrode to encourage
biodegradation of contaminants migrating through the cap (as opposed to trying to
control redox conditions in the entire contaminated sediment layer). This hybrid
remediation technology could provide an inexpensive and effective means for the
management of contaminated sediment.

In this study, PAHs were selected as typical contaminants for remediation because

of their occurrence in sediment and toxicity to ecology. Furthermore, natural attenuation
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processes of PAHs are hindered under conventional caps. The electrode enhanced
capping technology will overcome the limitation of conventional caps for remediation of
PAH contaminated sediments.

The proposed biodegradation of PAHs by electrode enhanced caps is shown in
Figure 1.1. Two graphite electrodes are placed perpendicular to contaminant transport in
the cap and polarized at low potential. By water electrolysis, oxygen is produced at the
anode, making the local sediment environment more oxidizing. Consequently, these
redox conditions changes and/or produced oxygen are expected to stimulate the activity

of PAH degrading microbes, and accelerate contaminant biodegradation.
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Figure 1.1  Conceptual model for an electrode enhanced cap for PAH remediation

1.2 RESEARCH OBJECTIVES AND DISSERTATION OUTLINE

The research objective of this study is to demonstrate the feasibility of electrode
enhanced caps for the remediation of PAH contaminated sediment. To achieve the stated
goal, two types of laboratory scale experiments were conducted. The potential for this
approach was first assessed in slurry reactors under idealized conditions to demonstrate

effective enhancement of biodegradation. When success was confirmed in slurry phase,
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the hybrid technology was then extended to microcosms to simulate capping under a
more realistic field-like condition. A mathematical model was also developed to describe
the complex physical and chemical processes for electrode enhanced capping. Based on
these specific research objectives, this dissertation is divided into the following chapters:

1) Literature review on PAH contamination and degradation, electrochemical
remediation of soil and sediment and remediation of contaminated sediments (Chapter 2).

2) Electrode enhanced biodegradation of PAH in sediment slurry. This proof of
concept experiment examined the feasibility of electrode enhanced biodegradation of
PAH in slurry phase. In a slurry reactor, mass transfer resistances can be overcome and
conditions conducive to the biological processes can be maintained (Chapter 3).

3) Electro-biodegradation of PAH and redox control in sediment/cap microcosms.
Laboratory scale reactors were used to simulate field conditions for the application of
electrode enhanced caps. The potential to accelerate biodegradation was evaluated in
simulated sediment and cap environments with electrodes, and redox conditions were
characterized (Chapter 4).

4) Model of electrode enhanced capping. A voltage-current relationship was
developed and a coupled reactive transport model was presented to describe the processes
involved in electrode enhanced capping (Chapter 5).

5) Conclusions and recommendations for future work (Chapter 6).



Chapter 2: Literature Review
2.1 PAH CONTAMINATION AND DEGRADATION

2.1.1 PAH contamination

Polycyclic aromatic hydrocarbons (PAHs) are chemical compounds that consist
of fused aromatic rings and do not contain heteroatoms or carry substituents. In addition
to their presence in fossil fuels, PAHs are formed by incomplete combustion of organic
materials such as wood, coal, diesel, fat, or tobacco (Page et al., 1999). They may come
from such natural sources as forest fires and volcanic eruptions or from variety of other
anthropogenic sources including fuel combustion, pyrolytic processes, spillage of
petroleum products, waste incinerators and domestic heaters (Juhasz and Naidu, 2000).
Some PAHs (e.g. naphthalene and phenanthrene) have been used for the synthesis of
organic compounds in pesticides, fungicides, mothballs, etc. (Shennan, 1984).

Many PAHs may pose a health risk to ecology and humans because of their toxic,
mutagenic and carcinogenic properties (Goldman et al., 2001; Mastrangelo et al., 1996).
The structure of many PAHs makes them highly lipid soluble and thus they can be easily
absorbed by the lungs, gut, and skin of mammals. Therefore, many PAHs are considered
to be environmental pollutants that can have a detrimental effect on the flora and fauna of
affected habitats, resulting in the uptake and accumulation of toxic chemicals in food
chains. Consequently, the US Environmental Protection Agency (US EPA) listed 16
PAHs as priority pollutants, and determined that benz[a]anthracene, benzo[a]pyrene,
benzo[b]fluoranthene, benzo[k]fluoranthene, chrysene, dibenz[ah]anthracene, and
indeno[1,2,3-c,d]pyrene are probable human carcinogens.

PAHs can be classified into two groups: low molecular weight PAHs (2-3 rings)

and high molecular weight PAHs (4 or more rings). Low molecular weight PAHs (2-3



rings) are more soluble and reactive in environment. As molecular weight and ring
number increase, aqueous solubility decreases but hydrophobicity, lipophilicity and
environmental persistence increase. The genotoxicity also increases as the number of
rings increase up to 4 or 5. In addition, volatility decreases with an increasing number of
fused rings (Wilson and Jones, 1993).

The release of PAHs into the environment is widespread and PAHs have been
detected in a wide variety of environmental samples including air, soil, sediments, water,
oils, tars and food (Juhasz and Naidu, 2000). PAH contamination is frequently associated
with industrial activities such as processing, combustion and disposal of fuel/oil products
(Wilson and Jones, 1993). PAHs are found at many Superfund sites, and other petroleum-
impacted sites (Johnston et al., 1993; Menzie et al., 1992). Because creosote, a compound
containing 85% PAHs by weight, was commonly used in the wood-preserving industry,
PAHs are frequently detected in wood treatment areas (Mueller et al., 1989). Significant
levels of PAHs have been reported in sediments from many industrialized areas
throughout the world.

Due to their hydrophobicity and low solubility, PAHs concentrations in water are
very low. However, PAHs tend to accumulate in soil and sediment, especially those with
high organic carbon fraction. So in aquatic environment, most PAH contamination is

concentrated in sediment, which is considered as a reservoir for PAH accumulation.

2.1.2 PAH degradation

Microbial research in the past several decades has demonstrated that a wide
variety of bacteria, fungi and algae have the ability to metabolize PAHs. A large number
of microorganisms that can degrade PAH have been isolated from soil, sediment, sewage,

and water and characterized (Cerniglia, 1992). Generally, the rate of PAH degradation is



inversely proportional to the number of rings. It is believed that 2-ring and 3-ring PAHs
are readily biodegradable given optimal environmental conditions, while PAHs with
more than three rings are more resistant to biodegradation.

The microbial degradation of low molecular PAHs such as naphthalene,
phenanthrene, anthracene and acenaphthene has been well elucidated, and the pathways,
enzymes and genetics have all been reported (Cerniglia, 1992; Davies and Evans, 1964;
Gibson and Subramanian, 1984). However, less is known about the degradation of high
molecular PAHs (Kanaly and Harayama, 2000). Of the four-ring PAHs, biodegradation
of fluoranthene, pyrene, chyrsenene and benz[a]anthracene has been investigated to
various degrees (Kanaly and Harayama, 2000; Juhasz et al., 2000). In general, lower
molecular PAHs tend to oxidize completely to form CO> and H>O while the high
molecular PAHs will degrade partially to yield various oxygenated metabolites (e.g.,
various phenolic and acid metabolites, cis-dihydrodiol, etc.) (Kanaly and Harayama,
2000).

PAHs are more readily biodegradable under aerobic conditions than with any
other terminal electron acceptor (TEA). Oxidation of aromatic ring is the principal
mechanism involved during PAH biodegradation (Cerniglia, 1992). During the first step
in the aerobic degradation of PAHSs, dioxygenase incorporates oxygen atoms at two
carbon atoms of a benzene ring of a PAH resulting in the formation of cis-dihydrodiol
(Kanaly and Harayama, 2000). It undergoes rearomatization by dehydrogenases to form
dihydroxylated intermediates. Subsequently dihydroxylated intermediates undergo ring
cleavage and form tricarboxylic acid (TCA) cycle intermediates (Sabate et al., 1999).

PAH degradation in anaerobic conditions has also been reported but the rate is
much slower compared to that in aerobic conditions (Chang et al.,2002; Rothermich et

al.,2002; Rockne and Strand, 1998, 2001; Rockne et al., 2000; Johnson and Ghosh,
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1998), and the details of metabolism pathways are very complicated and need further

elucidation (Annweiler et al., 2002).

2.1.3 PAH degradation genes

The traditional culture-dependent methods have been used to enumerate PAH
degrading bacterial population for years. However, only a small portion of
microorganisms of interests can be cultivated under standard cultivation conditions
(Amann et al., 1995). Cultivation-independent approaches have also been employed to
quantifying PAH degrading microorganisms. Recent advances in molecular microbial
technology have allowed for broader analysis of biodegradative organisms in the
environment. Quantitative polymerase chain reaction (QPCR), using primers that target
PAH ring-hydroxylating dioxygenase (PAH-RHD,) genes, has been used to estimate
copy numbers of PAH degrading gene from environmental samples. The genes encoding
PAH degradation include nah-like genes from psedudomas species (Lloyd Jones et
al.,1999; Wilson et al.,1999), phn-like genes from Burkholderia species (Laurie and
Lloyd Jones, 1999), nag-like genes from Ralstonia (Widada et al.,2002), ndo-like genes
(Gomes et al., 2007), nid-like genes (Brezna et al.,2003), pdo-like genes (Johnsen et
al.,2006), etc. Since genes coding for ring-hydroxylating dioxygenases are highly diverse,
primers to amplify a wide range of PAH-RHD,, genes were developed and employed to
target majority of PAH degrading genes (Ding et al., 2010; Cebron et al., 2008). All these
primers can be employed in the study of PAH degrading genes by conventional
polymerase chain reaction (PCR) or quantitative PCR (qPCR). qPCR have been proven
to be a powerful tool to determine relative activity of PAH degrading genes. The gene
abundance revealed by gPCR results can potentially be used as an indicator for PAH

biodegradation.



2.2 ELECTROCHEMICAL REMEDIATION FOR SOIL AND SEDIMENT

Electrochemical remediation technology is an innovative method for in-situ
remediation for contaminated soil and sediment. Contaminants that could be treated by
this method include inorganic compounds, organic compounds and radionuclides (Acar et
al., 1995; Reddy et al.,, 1997). It can be performed for different soil types and is
particularly effective for fine-grained soils of low hydraulic conductivity, which are
difficult by other methods.

A typical field electrochemical remediation system is shown in Figure 2.1
(Saichek and Reddy, 2005). Electrodes are inserted at different locations at the
contaminated site and a voltage is applied across the electrodes. Several processes occur
during the application of electric field at contaminated sites to facilitate the removal of

contaminants. These processes will be discussed in more details in the following section.
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Figure 2.1 Schematic of electrochemical remediation of contaminated soil

2.2.1 Electrokinetic phenomena

Electrokinetics is defined as the physicochemical transport of charge, action of
charged particles, and effects of applied electric potentials on formation and fluid
transport in porous media. The presence of the diffuse double layer gives rise to several
electrokinetic phenomena in soil, which may result from either the movement of different
phases with respect to each other including transport of charge, or the movement of
different phases relative to each other due to the application of an electric field (Acar and

Alshawabkeh, 1993). The electrokinetic —phenomena include electroosmosis,
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electrophoresis, electromigration, streaming potential, sedimentation potential, etc.
(Probstein and Hicks, 1993; Reddy et al., 1997). Electroosmosis is the fluid movement
with respect to solid wall under the influence of an applied electric field. Electrophoresis
is the motion of particles under influence of electric field. Electromigration refers to the
migration of ionic species under an applied potential. Streaming potential, being the
reverse of electroosmosis, is the generation of electric potential by fluid moving through
porous medium. Sedimentation potential, similar to streaming potential, is an electric
field generated by sedimenting colloid particles. Other transport processes, such as
advection, dispersion and diffusion, sometimes play important roles in electrokinetic

processes.

2.2.2 Water electrolysis

Water electrolysis can occur at the electrodes during the application of
electrochemical remediation. The standard potential of a water electrolysis cell is 1.23 V
at 25 °C based on the Nernst Equation. If the applied potential is large enough to
overcome activation barriers, water electrolysis is usually the primary reaction at the
electrodes. Protons and oxygen are produced at the anode, and hydroxyl anions and

hydrogen gas are produced at the cathode.

Anode: 2H,0 = 0, + 4H* + 4e E’=1.229V (2-1)

Cathode: 2H,0 + 2e = H, + 20H" E’=-0.827V (2-2)

Other electrochemical reactions may occur depending on the concentration of
species, their electrochemical potentials, and the reaction kinetics. For example, ferric
iron may be reduced to ferrous iron at the cathode and chloride may be oxidized to

chlorine at the anode.
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Anode: Fe3* + e = Fe?+ E*=0.771V (2-3)

Cathode: 2Cl~ = Cl, + 2e E’=1.3583V (2-4)

These secondary reactions usually are not favored at the anode and/or cathode
because of the low concentrations of reactants in environmental systems. So water
electrolysis is most often the dominant electrolytic reaction. As a result of water
electrolysis, oxidizing and acidic zone is developed at the anode, and reducing alkaline

zone is developed at the cathode.

2.2.3 Electrochemical oxidation/reduction

During electrochemical remediation, organic contaminants may be destroyed or
converted by either direct or indirect processes. Numerous studies have focused on the
use of direct current (DC) to oxidize or reduce organic contaminants directly
(Alshawabkeh et al., 2005; Goel et al., 2003; Petersen et al., 2007). A few studies
explored the use of alternating current (AC) to degrade organic contaminants (Chin and
Cheng, 1985; Nakamura et al., 2005). Sequential electrolytic reduction-oxidation system
was also developed to degrade energetic compounds (Gilbert and Sale, 2005).

Indirect electrolysis also contributes to contaminants removal during
electrochemical oxidation/reduction processes. During indirect anodic oxidation, strong
oxidants such as ozone, hydrogen peroxide, chlorine, etc. are generated at the anode
instead of oxygen. The contaminant is then oxidized by these strong oxidants (Goel et al.

2003).

2.2.4 Electrochemical stimulation of biodegradation

During biodegradation, microorganisms require an electron donor for reductive

degradation or an electron acceptor for oxidation process. Generally, electron donors and
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acceptors are applied as chemicals. Electron donors commonly used for in-situ
remediation include hydrogen gas, zero valent iron and vegetable oil, and electron
acceptors in bioremediation include oxygen, nitrate, iron (III), manganese (IV), and
sulfate. A novel alternative is to supply electron donors and/or acceptors by direct
application of electricity.

Electrolysis of water is the primary reaction during electrochemical remediation
process. Hydrogen produced at the cathode can serve as an electron donor and be utilized
by consortia of anaerobic bacteria for reductive degradation, such as dechlorination or
denitrification (Sun et al., 2010; Thrash et al., 2007; Sakakibara and Nakayama, 2001).
At the anode of the reaction of water electrolysis reaction, oxygen is generated and can
serve as an electron acceptor. The produced oxygen has been proven to be effective in
stimulating bacterial growth during nitrification (Watanabe et al., 2002).

Direct electron transfer from electrodes to a bacterial cell provides another means
to stimulate microbial metabolism. Geobacter species and some other microorganisms
were shown to be able to directly transfer electrons to electrodes (Lovley, 2008; Logan,
2009). Electrodes can serve as either an electron donor or acceptor directly. It was shown
that graphite electrodes could serve as an electron acceptor for the degradation of toluene
and benzene (Zhang et al., 2010). Another study has shown the evidence of graphite

electrodes as an electron donor in anaerobic respiration (Gregory et al., 2004).
2.3 REMEDIATION OF CONTAMINATED SEDIMENTS

2.3.1 Contaminated sediments

Contaminated sediments are defined as aquatic sediments that contain chemical
substances in excess of appropriate geochemical, toxicological, or sediment quality

criteria, or are otherwise considered to pose a threat to human health or the environment
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(US EPA, 1998). It has been estimated that approximately 10 percent of aquatic
sediments underlying United States surface waters are sufficiently contaminated to pose
potential risks to fish and to humans and wildlife that eat fish (US EPA, 1998).

Sediment is an environmental sink for many contaminants, since many pollutants
originally introduced into the water column have affinities for sediment particles. The
contaminants that introduced into the sediment are from various sources, including
municipal sewage treatment plants, combined sewer overflows, storm water discharges,
direct industrial discharges of process waste, runoff and leachate from hazardous and
solid waste sites, agricultural operations, mining operations, industrial manufacturing and
storage sites, atmospheric deposition and contaminated groundwater discharges to surface
water (Baudo and Muntau, 1990). Contaminants detected in sediments include
polychlorinated biphenyls (PCBs), heavy metals, chlorinated solvents, pesticides, PAHs,
etc. Sediments can serve as contaminant sources for transport and exposure to aquatic
biota particularly with bioaccumulative contaminants. Hydrophobic organic contaminants
such as PAHs and PCBs typically bind strongly to organic matter in sediments and these
sediment-bound pollutants serve as long-term exposure sources to aquatic ecosystems.
For instance, fish and bottom-dwelling organisms can accumulate toxic compounds like
PCBs that are passed up the food chain.

PAHs have been found to be a key contaminant at many contaminated sediment
sites (Reible et al., 2007; Perelo, 2010; Baumard et al., 1998). Because they can be
adsorbed strongly to organic matters in sediment, PAHs have been found to be
particularly persistent in sediments. Since PAHs have been reduced in many wastewater
effluents, the accumulated PAHs in the sediments will release slowly into water column
as a long-term source and pose potential threat to water quality and aquatic ecosystem via

bioaccumulation in food chains.
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Despite the persistence of PAHs in sediments, it does not imply that PAHs may
reside in the bottom sediments indefinitely. Microbial degradation of PAHs is one of the
main processes to remove these contaminants from bottom sediments and the water
column. Both aerobic and anaerobic degradation of PAHs occurs in aquatic sediments
naturally, but anaerobic degradation occurs at a much slower rate than aerobic
degradation. Sediments are generally anaerobic except in the upper layer adjacent to
water, ranging from millimeters to centimeters. Therefore biodegradation of PAHs is

greatly hindered by oxygen shortage in sediments.

2.3.2 Sediment remediation methods

Current remediation approaches to addressing contaminated sediments include

monitored natural attenuation (MNA), dredging and excavation, and capping techniques.

2.3.2.1 Monitored natural attenuation

Monitored natural attenuation (MNA) is a technique used to monitor or test the
progress of natural attenuation processes that can degrade contaminants in sediments (US
EPA, 2005). It may be used with other remediation processes as a finishing option or as
the only remediation process if the rate of contaminant degradation is fast enough to
protect human health and the environment. Not all natural processes result in risk
reduction; some may increase or shift risk to other locations or receptors. Therefore, to
implement MNA successfully as a remedial option, those processes that contribute to risk
reduction should be identified and evaluated. Appropriate monitoring are required to
ensure acceptable risk management, and these monitoring methods include contaminant
analyses and ecological and health effects assays.

The most common natural attenuation processes occurring in sediments are
intrinsic biodegradation of the contaminants and the chemical transformation of the
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contaminant to a less toxic form. Other important natural attenuation processes, from
most to least preferable, include (1) sorption or other binding processes to the sediment
matrix to reduce contaminant mobility and bioavailability; (2) a decrease in contaminant
concentration levels in near-surface sediment zone through burial or mixing-in-place with
cleaner sediment; (3) a decrease in contaminant concentration levels in the near-surface
sediment zone through dispersion of particle-bound contaminants or diffusive or
advective transport of contaminants to the water column. Exposure levels are reduced by
the decrease of contaminant levels through the last two natural attenuation processes.

The two primary advantages of MNA are its relatively low cost and its non-
invasive nature. The implementation cost includes monitoring, site characterization and
modeling, among which monitoring is the major cost in most cases. MNA typically has
no physical disruption to the current ecological conditions, which may be an important
advantage for sensitive environments. One major limitation of MNA is that it leaves
contaminants in place so that the risk of exposure remains. Another disadvantage of
MNA is that the rate of reducing risk is relatively slow compared to active remediation
technologies. MNA is widely considered to be the most effective remediation technique
at those sites with a low exposure risk to ecology and/or human, otherwise active

methods are required to reduce the risks posed by contaminated sediments.

2.3.2.2 Dredging and excavation

A more effective approach than MNA is preferred for contaminated sediments
with a higher risk to natural environment and human. The most common method of
remediating contaminated sediment to reduce risk is removal by dredging or excavation.
Dredging is the removal of submerged material, while excavation refers to the sediment

of which water has been diverted or drained. The processes involved in dredging of
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contaminated sediments include sediment removal, transport, staging, treatment, and
disposal.

If cleanup goals are achieved by dredging or excavation, it minimizes the
uncertainty about long-term effectiveness by removal of contaminated sediments from
the aquatic environment. Furthermore, removal of contaminated sediment requires less
time to achieve remedial action objectives, and it has greater flexibility for future water
body use. Because of these advantages, dredging or excavation has been used for
remediation of contaminated sediment at more than 100 Superfund sites (US EPA, 2005).

The limitations of dredging or excavation compared to MNA or in-situ capping
include complexity and high cost considering the dredging itself and the processes of
transport, staging, treatment and disposal of the dredged sediment. Furthermore,
contaminant release from resuspension, and the potential risk of residual contamination
following dredging/excavation give rise to uncertainties associated with
dredging/excavation (Hong et al., 2011). Finally, the aquatic community and habitat
within the remediation area is at least temporally destroyed with the long term effect
being unknown. As a result of these limitations, Perelo (2010) examined the effectiveness
of dredging and found that half of the 20 sites studied didn’t achieve remedial goals by
dredging.
2.3.2.3 In-situ capping

In-situ capping is the placement of a covering or cap made of clean isolating
material over contaminated sediment, which remains in place. Capping materials include
clean sediment, sand, gravel, geotextiles, liners, and other permeable or impermeable
materials or the combination of above elements. In-situ capping can reduce the risk of

contaminated sediment by physical isolation of sediment to reduce direct exposure,
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stabilization of sediment to reduce resuspension and transport to other sites, and/or
chemical isolation of sediment to reduce exposure from dissolved and colloidally bound
contaminants transported into the water column (US EPA, 2005).

In-situ capping can quickly reduce the exposure risk, and it requires less capital
cost and material handling. Also it reduced the risks of resuspension, dispersion and
volatilization of contaminants in comparison to dredging. The cap may be less disruptive
of local ecological communities, and provide clean substrate for recolonization by
bottom-dwelling organisms. In comparison to MNA, capping is considered to be a more
aggressive and effective approach.

Laboratory and field studies of capping have shown that even a simple sand cap
can reduce the risks of contaminants from contaminated sediments. Thibodeaux and
Bosworth (1990) used clean material as a capping layer to retard diffusion and reduce the
flux from PCB-contaminated sediments. Wang et al. (1991) and Thoma et al. (1993)
measured and modeled diffusion flux of some organic compounds from capped
sediments and evaluated its migration through clean sediment. Lampert et al. (2011)
demonstrated the effectiveness of thin-layer sand caps to reduce the bioaccumulation of
PAHs provided the thickness of the cap layer exceeds the depth of organism interaction
with the sediments, and contaminant migration is controlled by molecular diffusion.

Because contaminants remain in the aquatic environment, contaminants could
become exposed or be dispersed if the cap is significantly disturbed or if contaminants
move through the cap by diffusion or advection. Gidley et al. (2012) showed rapid
breakthrough of lower molecular weight PAHs with groundwater seepage in coarse sand
capping material.

To overcome the limitation that contaminants remain untreated with conventional

sand capping, an alternative - active capping has been proposed. Active capping can be
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broadly defined as capping with materials that encourage degradation or enhance
sequestration of the contaminants. A variety of materials has been proposed and used for
sequestration of the different contaminants. Apatite, a matrix of calcium phosphate and
various other common anions, has been investigated for sequestration of metals in
sediments (Reible et al., 2007; Kaplan and Knox, 2004). Zeolite was also evaluated for
containment of metals as active barrier system (Jacobs and Forstner, 1999). Organoclay,
a modified bentonite prepared by introducing organic molecules into the clay mineral
structure, has been tested for control of non-aqueous phase liquids and other hydrophobic
organic contaminants (Reible et al., 2005; Knox et al., 2012). Organic sorbents such as
activated carbon, coke and biopolymer showed the ability to sequester hydrophobic
organic contaminants (Zimmerman et al., 2004; Murphy et al., 2006; Knox et al., 2012).
The effectiveness of a cap was greatly improved by adding an organic sorbent layer such
as activated carbon, or by mixing sorbent directly with contaminated sediment.
Commercially available active capping materials include AquaBlok™ (Adventus
Americas, Inc., Toledo, OH), which is a bentonite clay material formed around a granular
core, and organoclay materials, reactive core mat, liners, etc. from CETCO.

Being similar to conventional capping, the sequestration approach does not
degrade contaminants; it only physically sequesters them. Slight changes in the capping
environment can cause the erosion of the capping layer and resuspension of the
sequestered contaminants at high concentration. Also, surface fouling of the sorptive
materials may occur and lead to lower treatment efficiencies (Reible et al., 2007). So the
sequestration approach may not be appropriate for all the contaminated sites. These
limitations have stimulated the idea of an active capping in which contaminants are
transformed to nontoxic products by chemical, biological and/or combined processes.

Research on the application of active capping to enhance contaminant degradation has
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not been addressed adequately and has very few successful cases. Choi et al. (2009)
developed a “reactive” cap/barrier system composited of granular activated carbon
impregnated with reactive iron/palladium (Fe/Pd) bimetallic nanoparticles (reactive
activated carbon) for PCB-contaminated sediments. 2-chlorobiphenyl was chemically
degraded via a combined process of adsorption and dechlorination with the reactive cap.
Sun et al. (2010) proposed an integrated Fe(0)—sorbent—microorganism remediation
system as an in-situ active capping technique to remediate nitrobenzene-contaminated
sediment. In the integrated capping system, Fe(0) acted to reduce nitrobenzene to aniline,
cinder served as the sorbent and support matrix, and nitrobenzene was biodegraded to
aniline by microorganisms. Himmelheber et al. (2011) demonstrated that a laboratory-
scale bioreactive in-situ sediment cap could completely dechlorinate dissolved-phase
PCE for the treatment of PCE with the amendment of a mixed, anaerobic dechlorinating
consortium and soluble electron donor. Now there is a pressing need to develop new cost-
effective active capping technologies over the long time scales for in-situ sediment

remediation.

2.4 RESEARCH NEEDS: ACTIVE CAPPING COUPLING ELECTROCHEMICAL PROCESSES
WITH BIOREMEDIATION

During recent years, electrochemical technologies have been proposed for the
remediation of soil and sediment. Numerous studies have demonstrated the effectiveness
of electrokinetic remediation in the removal of soil contaminants. However, for
hydrophobic organic compounds (HOCs) with a high tendency to be adsorbed onto soil
and sediment, electrokinetic remediation was not applicable because of their low
concentration in mobile phase. PAHs, a representative subset of HOCs, fall into this
group. Bioremediation is a reasonable alternative to treat soil and sediment polluted by

PAHs but the terminal electron acceptor in sediments even a few centimeters below the
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sediment-water interface is typically iron or sulfate reflecting highly reduced conditions
that are not conducive to PAH degradation. Successful implementation of in-situ
bioremediation sometimes requires the presence or injection of electron acceptors into the
porous medium. A technology for a continuous introduction of electron acceptors has
been the principle bottleneck in the successful treatment for PAH contaminated soil and
sediment. Application of an electric current may be an alternative option for providing
more favorable electron acceptors. An electrode-based active capping has the potential as
a continuous pollutant remediation method for PAH contaminated sediments. Research
on active capping coupling electrochemical processes with bioremediation is needed for
the management of PAH contamination.

Although both electrochemical remediation and bioremediation have been
documented intensively for treatment of contaminated soil and sediment, the integration
of electrochemical processes and bioremediation has not been addressed adequately. The
proposed study will focus on coupling electrochemical processes with bioremediation
within an active cap for PAH contaminated sediment. This novel technology will fill the
gap between electrochemical processes and bioremediation for PAH contaminated soil
and sediment. Also, an electrode enhanced capping will be one of the few active capping

technologies that are able to enhance contaminant biodegradation.

21



Chapter 3: Electrode Enhanced Biodegradation of PAH in
Sediment Slurry

3.1 INTRODUCTION

PAHs may be naturally removed in sediments by microbial degradation.
Numerous bacterial species are capable of using PAHs as sole carbon and energy sources,
and most of these organisms can metabolize a range of PAHs (Kastner et al., 1994;
Chung and King, 2001; Hedlund and Staley, 2006; Dagher et al., 1997). The ability of
aerobic microorganisms to degrade PAHs is well known and has been observed in
laboratory and field studies with a variety of soils and sediments for many years (Bauer
and Capone, 1985; Hambrick et al., 1980; Heitkamp and Cerniglia. 1987; Boyd et al.,
2005). PAH degradation under anaerobic conditions has also been reported but it is
relatively recent, and results on the extent of anaerobic biodegradation are controversial
(Foght, 2008; Leduc et al., 1992; Johnson and Ghosh, 1998; Mihelcic and Luthy, 1988).
In general, the rate of anaerobic biodegradation is much slower than the rate of aerobic
conditions. However, the rate of PAH biodegradation in sediments is highly site specific
and varies significantly (Shuttleworth and Cerniglia, 1995).

Sediments are often anaerobic because of the high biological oxygen demand of
organic material, low solubility of oxygen, and mass transfer limitations of oxygen from
the atmosphere into the sediment. The addition of oxygen has the potential to enhance
PAH biodegradation in sediments. A novel technique to supply oxygen is by water
electrolysis in the sediment. At the anode of the reaction of water electrolysis, oxygen is
generated and it has been proven to be effective in stimulating bacterial growth
(Watanabe et al., 2002).

In this dissertation, an electrode enhanced capping was proposed and investigated
for the bioremediation of PAH contaminated sediment. In this Chapter, the potential for
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this approach was assessed in slurry reactors under idealized conditions to demonstrate
effective enhancement of biodegradation.

Anacostia River sediment was selected as model sediment in this study because of
its historical contamination by PAHs (Lu et al., 2006). Degradation of two model PAHs
(naphthalene and phenanthrene) were studied under aerobic and nitrate reducing
conditions to evaluate PAH degradation potential in the Anacostia sediments. Electrode
enhanced biodegradation in sediment slurry was conducted, and compared with
biodegradation under aerobic and anaerobic conditions. To distinguish the effect of
abiotic loss of PAH during electrochemical processes, PAH loss in a killed control

reactor was also studied.
3.2 BIODEGRADATION OF PAH UNDER AEROBIC AND NITRATE REDUCING CONDITIONS
3.2.1 Materials and methods

3.2.1.1 Sediment and medium

PAH contaminated sediment was obtained from Anacostia River sediment and
sieved through 2mm. It was stored at 4 °C until added to slurries for these studies. The
water used to form the slurry was a low salt solution to simulate a typical freshwater
environment. The minimal salt medium (MSM) to make sediment slurry contained 4 g of
KH2POy4, 4 g of NaaHPOg4, 0.5 g of NH4Cl, 0.2 g of MgCl2*6H20, and 1 mL of trace
element solution SL-4 per 1 L of DI water. SL-4 was composed of 0.5 g of EDTA, 0.2 g
of FeSO4+*7H20 and 100 mL of trace element solution SL-6 per 1 L of DI water. The
composition of SL-6 was 0.3 g of H3BO3, 0.2 g of CoCl2*6H>0, 0.1 g of ZnSO4*7H>0,
0.03 g of MnCly*4H,0, 0.03 g of Na;Mo0O4°H>0, 0.02 g of NiCIl*6H>O and 0.01 g of
CuCl2*2H20 per 1 L of DI water (Atlas, 2010). The pH of MSM is 6.8.
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3.2.1.2 Biodegradation under aerobic conditions

Aerobic experiments were conducted in 250-mL amber bottles, each containing
100 mL sediment slurry (1 % solid content by weight), and 150 mL air. These bottles
were sealed with a Teflon-lined septum and secured with a screw cap.

The total oxygen demand for 100 mL sediment slurry with a solid content of 1 %
was about 5-10 mg because the biochemical oxygen demand (BOD) of sediment was
estimated as 5-10 mg/g. In each bottle, 150 mL air had 45 mg oxygen, keeping the slurry
in aerobic condition during the course of the experiment.

0.45 mg of naphthalene and 0.08 mg of phenanthrene were spiked to each bottle
at the beginning of the experiment. After establishing an appropriate gas headspace
composition (21 % oxygen as in the ambient air), the bottles were sealed and incubated in
a tumbler at room temperature. Periodically, a serum bottle from the batch samples was
sacrificed for PAH analysis and DNA extraction. Measurement of dissolved oxygen (DO)
concentration (YSI Incorporated, Model 50B) was made to assure that oxygen was not a
limiting factor for biodegradation.

Control samples were run concurrently with the test samples. Control samples
were treated by autoclaving the glassware and sediment slurry at 121 °C for 30 minutes
and then adding sodium azide such that the concentration of sodium azide in the control
samples was 10 mM. The experiments were conducted in a batch mode with test samples

and controls being prepared simultaneously.

3.2.1.3 Biodegradation under nitrate reducing conditions

Amber glass tubes of 40 mL were used for anaerobic experiment. Each tube was
filled with sediment slurry (2.5 % solid content) to zero headspace, and sealed with a

Teflon-lined septum and secured with a screw cap.
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Nitrate reducing conditions have been generated with the addition of external
nitrate (Leduc et al., 1992; Johnson and Ghosh, 1998; Mihelcic and Luthy, 1988). In this
study, NaNO3 was added to MSM so that the initial nitrate concentration in each tube was
5.88 mM.

0.27 mg of naphthalene and 0.074 mg of phenanthrene were spiked to each tube at
the beginning of the experiment. Strict anaerobic procedures were followed during
system setup. The medium was purged with nitrogen gas immediately after autoclaving
and stored in an anaerobic chamber overnight prior to the experiment. All the sediment
slurry was prepared in an anaerobic chamber. After the setup, all the bottles were sealed
and incubated in a tumbler at room temperature. Periodically, a serum bottle from the
batch samples was sacrificed for PAH analysis and DNA extraction. Dissolved oxygen
concentration was measured at each sampling event to assure no oxygen was detected in
the sediment slurry. Control samples were prepared under anaerobic condition by
autoclaving the glassware and sediment slurry at 121 °C for 30 minutes and then adding

sodium azide at a final concentration of 10 mM.

3.2.1.4 Sampling procedures

Bottles and tubes were unloaded from tumbler and sediment slurry was allowed to
settle down for 1 hour before sampling. Triplicate supernatant samples were collected
and extracted using liquid-liquid extraction by hexane for PAH analysis.

The procedures of liquid-liquid extraction by hexane include the following steps:

1) 5 mL or 10 mL hexane was added to glass sample vials and weighed;

2) An aliquot of supernatant was collected and added to the hexane sample vials,

and weighed again. The difference of weight was used to calculate the volume

of supernatant;
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3) The mixture was sonicated (Branson 2200 ultrasonic cleaner) for about 30
minutes in a water bath and then stored in 4 °C before the next step;

4) 2 mL hexane sample was added to a 2 mL graduated vial and concentrated
under nitrogen flow to 0.1~0.3 mL;

5) 2 mL acetonitrile was added to the graduated vial and concentrated under
nitrogen flow to a total volume of 2 mL. The graduated vial was weighed
before adding the hexane sample and after this step, and the difference was
used to calculate the final acetonitrile volume. The acetonitrile sample was
ready for PAH analysis by HPLC.

Sediment slurry was centrifuged at 3500 RPM for 30 minutes by centrifuge

(International Equipment Company, Model Size 2). The supernatant and solid were

collected and stored in 4 °C and -20 °C until further analysis, respectively.

3.2.1.5 PAH analysis

PAH concentration was measured by HPLC with a 250%x4.6 mm column
(Phenomenex Luna 5u C18(2) 100A) using a mobile phase composed of 15 % water and
85 % acetonitrile at 1 mL/min. Detection was made by a fluorescence detector (Waters

2475) with an excitation wave length of 270 nm and an emission wave length of 360 nm.

3.2.1.6 DNA extraction

Solids were collected for each sacrificed sample and the solid was stored at -20 °C
until DNA extraction. DNA from an aliquot of sediment solid was extracted using
FastDNA SPIN Kit for Soil (MP Biomedicals) according to the instructions of the
manufacturer with minor changes. The water content was also measured in order to

determine the DNA concentration per weight of dry sediment.
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Pseudomonas putida G7 (DSMZ 4476) carrying the naphthalene dioxygenase
(nahA) gene was used as a reference strain for primer test and qPCR calibration. It was
pre-grown in DSMZ medium 444, and harvested in log-phase. DNA from Pseudomonas
putida G7 (ppG7) was extracted using DNeasy Blood & Tissue Kit (Qiagen).

DNA concentrations in extracts were determined by Nanodrop ND-1000
spectrophotometer (NanoDrop Technologies, Inc). The absorbance at 260 nm was read
and converted to DNA concentration. DNA extract was diluted to a final concentration of

10 ng/uL, 1 ng/uL, 0.1 ng/uL, 0.01 ng/uL, and 0.001 ng/uL as stock solution.

3.2.1.7 PCR and qPCR for PAH degrading genes

The primer set used in PCR and qPCR targets aromatic ring-hydroxylating-
dioxygenase (RHD,) for gram negative PAH-degrading bacteria, which covers a large
range of functional genes including bphAl, phnAc, nagAc, nahAc, nahA3, etc. (Cebron
et al., 2008).

Table 3.1 Characteristics of gram negative PAH-RHD,, primer

Amplicon Annealing

Sequence 5°-3 size(bp) | temperature(C)

Forward GAG ATG CAT ACC ACG TKG GTT GGA
primer

306 57
l?)i;]rflresre AGC TGT TGT TCG GGA AGA YWG TGC MGT T

Conventional PCR was performed in a reaction volume of 25 puL containing 12.5
uL of DreamTaq Green PCR Master Mix (2X) (Fermentas), 2 uL of mixed forward and

reverse primer (5 uM), 2.5 L DNA extract (2.5 pL water for negative control), 2.5 puL of
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20X bovine serum albumin (BSA) and 5.5 pL. water. It was conducted in a PTC-200
Peltier thermal cycler (MJ Research).

PCR thermal cycling includes the following steps:

Step 1: Initial dissociation: 95 °C for 5 min;

Step 2: 35 cycles of the following three steps:

Step 2.1 Denaturation: 95 °C for 30 s;

Step 2.2 Primer annealing: 57 °C for 30 s;

Step 2.3 Elongation: 72 °C for 30 s;

Step 3: 72 °C for 7 min.

qPCR was performed in 25 pL reaction volume containing 12.5 uL of Power
SYBR green PCR master mix(Applied Biosystems), 2 uL. of mixed forward and reverse
primer (5 uM), 2.5 uL DNA extract (2.5 pL water for negative control), 2.5 pL of 20X
BSA and 5.5 pL water. All DNA samples were analyzed in duplicate or triplicate. gPCR
was performed in Applied Biosystems 7900HT sequence Detection System machine.

qPCR thermal cycling includes the following steps:

Step 1: Initial dissociation: 95 °C for 5 min;

Step 2: 40 cycles of the following three steps:

Step 2.1 Denaturation: 95 °C for 30 s;

Step 2.2 Primer annealing: 57 °C for 30 s;

Step 2.3 Elongation: 72 °C for 30 s;

Step 2.4 Dissociation of the primer’s dimers: 80 °C for 10 s;

Step 3: 72 °C for 7 min;

Step 4: Melting curve analysis: 0.5 °C temperature increment from 51 °C to 95°C.

Two major changes for qPCR from conventional PCR were: 1) dissociation of

primer’s dimmers at 80 °C for 10 s; 2) melting curve analysis at the end of the regular
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thermal cycling. Both steps were added to avoid the formation of primer’s dimmers,
whose signal will interfere with PCR products. Dissociation step was to dissociate any
primer dimers during each polymerase chain reaction, and in the final step by viewing a
melting curve, it was ensured that the desired amplicon was detected and no primer

dimers were formed.

3.2.2 Results and discussion

Figure 3.1 shows the time varying concentration of naphthalene and phenanthrene
under aerobic conditions. Maintenance of aerobic conditions throughout the experiment
was confirmed with the measurement of dissolved oxygen at the end of the experiment.
Triplicate experimental samples showed an average DO of 83.1 % with a standard
deviation of 3.1 %, while DO of control samples was 96.6 % with a standard deviation of
1.0 %. Over a period of two days, considerable degradation of naphthalene and
phenanthrene was observed, while the concentration of PAH in the control sample
remained relatively constant. Naphthalene concentration decreased from ~1500 pg/L to
~10 pg/L within the first 24 hours and to no detection level (<1 pg/L) in the next 24
hours. Phenanthrene biodegradation rate was slower than naphthalene but complete
disappearance still happened within 48 hours. Phenanthrene concentration decreased
from 65 pg/L to 20 pg/L within the first 24 hours and to no detection level (<1 pg/L) in

the next 24 hours.
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Figure 3.1 Naphthalene (a) and phenanthrene (b) biodegradation under aerobic
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Figure 3.2 shows the supernatant concentration of naphthalene and phenanthrene
under nitrate reducing conditions. Significant reduction of both PAH was observed within
one month, though the degradation rates were much slower than those observed under
aerobic conditions. Under this ideal conditions, i.e. no mass transfer limitation and no

nutrient limitation, the half life time of naphthalene and phenanthrene were about 3 and 5

days, respectively.
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Figure 3.2 Naphthalene (a) and phenanthrene (b) biodegradation under nitrate reducing
condition. Points represent the mean of triplicate supernatant samples and
error bars indicate standard deviation of triplicate data. Active means
biological active samples, and control represents killed control samples.

Extraction of ppG7 DNA from 10 fold serial dilution was used for qPCR
calibration and efficiency estimation. The final concentration of ppG7 DNA for qPCR
was 1, 107, 102, 107, and 10* ng/uL. It was assumed that the qPCR tube with a DNA
concentration of 1 ng/uL had an arbitrary 10® unit gene, and subsequent samples had 10
fold decrease gene copies. Threshold cycle (Ct) reflects the cycle number at which the
fluorescence generated within a reaction crosses the threshold, and it is inversely
correlated to the initial gene copy number. A linear relationship between Ct and the
logarithm of the initial gene copy number was used to estimate the gene copy number in

all the sediment samples.

The relationship of Log(gene copy number) and Ct by the standard curve was

estimated as
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Log(gene copy numbers) = k* Ct+ b (3-1)

Ct value of environmental samples was estimated from amplification plot and
then converted to gene copy number by this linear relationship.

For easier comparison of PAH degrading gene populations among environmental
samples, the PAH-RHD, GN gene levels were normalized by total DNA or weight of dry
sediment. Gene copy number per DNA was an indicator of relative percentage of PAH
degrading bacteria among the entire community, while gene copy per dry sediment
reflected the absolute quantity of PAH degrading bacteria.

All values were reported as an increase from unincubated sediment, which was
stored in 4 °C until DNA extraction.

Figure 3.3 shows that under aerobic condition PAH degrading gene concentration
in the PAH spiking sediment slurry increased by two orders of magnitude at t = 4 hr
compared to unincubated sediment (t = 0), and the increase was three orders of
magnitude at t = 28 hr. After one day, the gene copies reached the plateau phase, where
gene copy number neither increased nor decreased. The killed control sampled at t = 72
hr didn’t show any changes of gene copy number compared to the unincubated sediment.

The results of two normalization methods didn’t show significant difference in
terms of gene copy increase. However, it was observed that total DNA per dry sediment
increased by 2-3 times after the incubation, which implied that the total bacterial
population increased under aerobic condition. Consequently, the increase of gene copy
number per DNA was less than the increase of gene per dry sediment.

Similarly, Figure 3.4 shows the PAH degrading gene concentration under nitrate
reducing condition. The PAH degrading gene concentration in sediment slurry increased

by one orders of magnitude after two days, and the increase was two orders of magnitude

32



at the seventh day, after which the gene copies reached the plateau phase. Although
increased gene copy numbers was observed under both aerobic and nitrate reducing
condition, the maximum increase under nitrate reducing condition was one order
magnitude less than that under aerobic condition.

The increase of gene copy number was believed to be associated with PAH
biodegradation. In the first 24 hours, it was observed that the fast growth of dioxygenase
gene and PAH disappearance occurred simultaneously. However, after all the PAH was
depleted, gene copies stopped increasing, which implied the PAH degrading bacteria
went into stationary phase.

qPCR analysis provided the evidence of PAH biodegradation under aerobic and
nitrate reducing condition, indicating that the indigenous microbial community in
Anacostia River sediment has the potential to biodegrade naphthalene and phenanthrene
in suitable environmental conditions. It was demonstrated that the occurrence of the
biodegradation process can be determined by monitoring the number of catabolic genes.
PAH-RHD, Gram Negative primer could be used for accurate qPCR quantification of

PAH degrading bacteria directly on DNA from sediment samples.
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Figure 3.3 qPCR quantification and DNA extraction results under aerobic condition: 1)
Copy number of PAH degrading gene normalized by total DNA; 2) Copy
number of PAH degrading gene normalized by dry sediment; 3) DNA
concentration per dry sediment.
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Figure 3.4 PAH degrading gene abundance by qPCR quantification under nitrate
reducing condition. The PAH-RHD, GN gene levels were normalized by the
weight of dry sediment. All the values were reported as an increase from
unincubated sediment control.
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3.3 ELECTRODE ENHANCED BIODEGRADATION OF PAH IN SEDIMENT SLURRY
3.3.1 Materials and methods

3.3.1.1 Experiment design and instruments

The electrode enhanced biodegradation experiments were conducted using glass
electrolysis reactors to minimize adsorption of PAH on the cell wall. Each reactor has a
compartment of 500-600 mL volume and several ports for fitting the electrodes into the

solution and for sampling (Figure 3.5).

Figure 3.5 The reactor for electrode enhanced biodegradation experiment

The electrode materials were 6.15 mm (0.242 in) diameter * 75 mm (3 in) long

graphite rod (Alfa Aesar). Copper wires were soldered to alligator clips, and alligator
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clips were connected to the graphite rods. The external power was connected only to the
copper wires for power supply.

Four out of five ports in each reactor were sealed with Teflon lined rubber
stopper. If external power was applied, copper wires went through rubber stoppers to
connect to power. Screw-caps with Mininert valve were used at the sampling port of the
reactor. By this setting, all the ports in each reactor were air tight and there was no leak to
the atmosphere.

The following four sets of experiments were conducted:

1) ElectroBio reactor (RE): Power was applied to active sediment slurry that was initially
anaerobic;

2) Killed control (KC): Power was applied to killed control sediment slurry (autoclaved)
and also initially anaerobic;

3) Aerobic control (AE): No power was applied, but the sediment slurry was maintained
in aerobic conditions during the course of the experiment. By maintaining aerobic
conditions, the PAH degradation potential of the slurries could be determined;

4) Anaerobic control (AN): No power was applied, but anaerobic conditions were
maintained. In this treatment the rate of degradation in an ineffective electrode cap could
be determined (that is, one that was ineffective at creating oxidizing conditions).

The copper wires at the electrodes were connected to Extech 382202 DC power
supply (Extech Intruments Corp, Waltham, MA). The applied power was about 3.5 V and
the current was about 15 mA.

The experiments were conducted in a period of 4 days, constantly stirred by a stir
bar, and sediment slurry were samples periodically for PAH analysis. GASTIGHT

syringe and needle (Hamilton Company) were used for sampling at each sampling time.
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After the experiment, the slurry was centrifuged at 3500 RPM for 30 minutes and

solids were collected and store in -20 °C.

3.3.1.2 Sediment slurry preparation

PAH contaminated sediment was obtained from Anacostia River sediment and
sieved through 2 mm. It was stored at 4 °C until used.

The minimal salt medium (MSM) was used to make sediment slurry. 2 L of
anaerobic MSM was made by autoclave, deoxygenation, and stored in anaerobic chamber
(Coy Laboratories) filled with 95 % nitrogen and 5 % hydrogen. 1 L of aerobic medium
was made by oxygenation with air, and stored under atmosphere conditions.

43.3 mg naphthalene and 8.1 mg phenanthrene were dissolved in 20 mL hexane
as stock solution for spiking the sediment slurry.

To prepare the sediment slurry for RE, AE and AN, naphthalene and
phenanthrene were initially coated onto the insides of a jar by hexane delivery. 3.14 mL
PAH stock in hexane (6.79 mg naphthalene and 1.27 mg phenanthrene) was added to a
jar and distributed evenly around the bottom and sides of the jar. The hexane was allowed
to evaporate under nitrogen gas flow, leaving the PAH coated on the inside wall of the
jar. 30.20 g wet Anacostia River sediment (water content = ~50 %) was added to the jar
and diluted with 150 mL of anaerobic MSM in anaerobic chamber. The solid content of
this sediment slurry was 10 %. The sediment slurry was sealed and tumbled overnight to
make PAH dissolved and partitioned into solid phase. The next day, 45 mL of 10 % solid
slurry with PAH and 405 mL of anaerobic MSM were added to RE reactor in anaerobic
chamber, making a final sediment slurry of 450 mL with a solid content of 1 % by
weight. Similarly, 55 mL of 10 % solid slurry and 545 mL of anaerobic MSM made 600

mL final sediment slurry for AN in anaerobic condition, and 40 mL of 10 % solid slurry
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and 360 mL of aerobic MSM made 400 mL of aerobic sediment slurry for AE in aerobic
condition. The total volume of AE reactor was 600 mL, leaving 200 mL space for air.
200 mL air had about 60 mg oxygen, which was enough to keep AE reactor in aerobic
condition during a period of several days.

To prepare the sediment slurry for KC, 11.30 g wet sediment was added to a jar
(jar-1) and diluted to 50 mL using MSM, and autoclaved at 121 °C for 30 minutes three
times. Another jar (jar-2) was autoclaved and then coated with 1.18 mL PAH stock (6.79
mg naphthalene and 1.27 mg phenanthrene). Sediment slurry in jar-1 was transferred to
jar-2 in anaerobic chamber, sealed and tumbled overnight. The next day, all the 50 mL
slurry and 450 mL autoclaved anaerobic MSM was added to reactor in anaerobic
chamber, making a final medium of 500 mL.

Following the above procedures, sediment slurry in each reactor had the same
initial concentration and solid content(1 %), and sediment slurries in RE, KC and AN
were initially oxygen free, which mimicked anaerobic condition of sediment under a

capping layer.
3.3.1.3 Sampling procedures

Stirring in reactors were stopped and sediment slurry was allowed to settle down
for 30 minutes before sampling. GASTIGHT syringe and needle were injected through
Mininert valve to sample ~1 mL supernatant from slurry. Triplicate samples were
obtained each time to minimize sampling uncertainty.

Liquid-liquid extraction by hexane was performed after the supernatant was
collected as previously described.

PAH analysis, DNA extraction, and PCR and qPCR for PAH degrading genes

followed the same procedures as previously described.
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3.3.2 Results and discussion

Figure 3.6 represents naphthalene concentration in sediment slurry under
ElectroBio reactor (RE), killed control (KC), aerobic (AE) and anaerobic (AN)
conditions. At the end of the experiment, i.e. t= 96 hrs, naphthalene concentration under
RE, KC, and AE conditions decreased to 20-60 pg/L. from an initial concentration of
about 1000 pug/L. The removal efficiency for RE, KC and AE were 96%, 93% and 97%,
respectively. However, naphthalene concentration still remained 80% of initial
concentration under anaerobic condition. These data suggested that the presence of
oxygen was critical for the degradation of naphthalene. Naphthalene had a much smaller
biodegradation rate under anaerobic conditions.

Although significant degradation of naphthalene was observed in all the three
oxygen present conditions, the pattern of the degradation was different for all the three
cases. In killed control sample, the logarithmic of naphthalene concentration decreases
linearly with time, which was equivalent to an exponential decrease with time, i.e.
C=Co*exp(-k*t). This first order reaction kinetics was consistent with the abiotic
condition in the killed control. The abiotic loss of naphthalene in the electrolytic reactor
may be a combined process of direct electrochemical oxidation at the anode, oxidation by
hydrogen peroxide, Fenton’s reagent and hydroxyl radicals (Goel et al., 2003).

Under aerobic condition, naphthalene biodegradation began several hours later
after the incubation. So there was a lag phase in the order of 10 hours for the microbial
community to degrade naphthalene. As soon as the biodegradation began, the rate of
naphthalene disappearance was significantly fast. In a period of 20 hours, naphthalene
was degraded from ~1000 ug/L to ~40 ug/L.

The degradation in the ElectroBio reactor was a combined process of abiotic

degradation and biotic degradation. The rate in the first 24 hours was in the same order of
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magnitude as the abiotic degradation, with a half-life about 10 hours. There was a longer
lag phase (~20 hours) in this case. However, when the microbial activity started, the rate
of degradation increased significantly. Naphthalene concentration decreased from ~400
pg/L to ~50 pg/L within only 10 hours. That was about the same rate as observed under
fully aerobic conditions, suggesting that the presence of the electrodes was able to
generate and maintain aerobic degradation processes despite the initial state of the slurry
as being anaerobic.

Under both AE and RE conditions, naphthalene concentration reached a plateau
phase after about t=30 hr. Though the concentration kept decreasing, the rate was very
slow. It is implied that the bacteria in the sediment slurry stopped using naphthalene as

the carbon source.
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Figure 3.6 Degradation of naphthalene over time in ElectroBio reactor (RE), killed
control (KC), aerobic (AE) and anaerobic (AN) conditions. Points represent
the mean of triplicate supernatant samples and error bars indicate standard
deviation of triplicate data.
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Figure 3.7 represents phenanthrene concentration in sediment slurry under
ElectroBio reactor (RE), killed control (KC), aerobic (AE) and anaerobic (AN)
conditions. Phenanthrene degradation was not observed under killed control and
anaerobic condition during 4 days. The abiotic loss of phenanthrene was not as much as
naphthalene probably because of its high hydrophobicity and low aqueous concentration.
Majority of phenanthrene was adsorbed in the solid phase, and only a small fraction was
in aqueous phase and became available to direct electrochemical reaction and chemical
oxidizing reagents.

Phenanthrene degradation occurred both in ElectroBio reactor and under aerobic
condition, and the removal efficiency were 82% for RE and 86% for AE at the end of the
experiment. The lag phase of RE and AE were about 50 and 30 hours, respectively.
However, in both cases, phenanthrene degradation didn’t start until naphthalene
concentration reached the plateau phase. It is implied that the PAH degrading microbial
consortium in the slurry have a priority of naphthalene over phenanthrene, and the

bioavailability of naphthalene is higher than phenanthrene.
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Figure 3.7 Degradation of phenanthrene over time in ElectroBio reactor (RE), killed
control (KC), aerobic (AE) and anaerobic (AN) conditions. Points represent
the mean of triplicate supernatant samples and error bars indicate standard
deviation of triplicate data.

For easier comparison of PAH degrading gene populations among environmental
samples, the PAH-RHD, GN gene levels were normalized by the weight of dry sediment.
All the values were reported as an increase from unincubated sediment, which was stored
at 4 °C until DNA extraction. Figure 3.8 shows that PAH degrading gene concentration
increased significantly in the ElectroBio reactor, in a manner similar to the aerobic
reactor, which implied the growth of PAH degrading bacteria. The gene concentration
under anaerobic condition was about the same level as that in unincubated control, and
this phenomenon was consistent with the fact that PAH was not biodegraded under
anaerobic conditions. In killed control, the PAH degrading gene was not detectable, so it

was confirmed that the decrease of PAH in killed control was only due to electrochemical

reaction and no biological activities was involved.

42



PAH degrading genes

4

5 35 + B Log(Gene Copy Number/Dry Sediment)

g — 3 T

Z 5

2 E 25 +

o 4

v 32 2 A

[+

s B

8% 1.5 +

B 1 +

Mo

£2 05+ N.D.

2 0 = f f f - f

Unincubated ElectroBio  Aerobic Anaerobic Killed
05 Control Control
-1

Figure 3.8 PAH degrading gene abundance by qPCR quantification. The PAH-RHD,
GN gene levels were normalized by the weight of dry sediment. All the
values were reported as an increase from unincubated sediment control. The
results are the means of triplicate, and error bars represent standard
deviation. N.D. = Not Detectable.

3.4 CONCLUSIONS

Biodegradation of PAH under aerobic and nitrate reducing conditions shows the
ability of native microorganism in Anacostia River sediment to degrade naphthalene and
phenanthrene in several days or weeks. The degradation rate was slower under nitrate
reducing conditions than that under aerobic conditions. qPCR was applied to detect the
abundance of PAH degrading genes, and the results show increasing levels of PAH
degrading genes under both conditions.

Feasibility of electrode enhanced capping for remediation of PAH contaminated
sediment was implemented in the sediment slurry phase. An external potential of 3.5 V
was applied to well mixed sediment slurry contaminated with two model compounds:

naphthalene and phenanthrene. During a period of 4 days, naphthalene concentration
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decreased from ~1000 pg/L to ~50 pg/L, and phenanthrene was degraded from ~150
ug/L to ~30 ug /L in ElectroBio reactor. These rates in ElectroBio reactor were about the
same as observed under fully aerobic conditions, except a longer lag phase. By
comparison to controls, the disappearance of naphthalene was a combined process of
abiotic and biotic loss while the phenanthrene loss appeared to be solely controlled by
biotic processes. Naphthalene concentration still remained 80% of initial concentration,
and phenanthrene degradation was not observed under anaerobic condition.

The results of gPCR show significant increases of PAH degrading genes in
ElectroBio reactor and aerobic conditions, but no increase in killed control and anaerobic
conditions. gPCR analysis provided the evidence of PAH biodegradation in ElectroBio

reactor and aerobic conditions.
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Chapter 4: Electro-biodegradation of PAH and Redox Control in
Sediment/Cap Microcosms

4.1 INTRODUCTION

Contaminated sediments cause adverse effects on aquatic life and pose a risk to
ecology and human health. Although dredging and ex-situ disposal have been used as a
remedial technology for contaminated sediment, the high cost and concern of
recontamination after dredging have led to the use of an alternative technology — in-situ
capping. In-situ capping has recently emerged as a remedial method for contaminated
sediments, and it involves the placement of clean material (usually sand) on the sediment
to isolate the contaminants into the overlying water. In-situ capping can be a relatively
cost-effective and noninvasive approach compared to dredging. However, a potential
consequence of placing a cap at the sediment-water interface is that it induces
considerable changes of biogeochemical conditions within the underlying sediment. The
anaerobic conditions induced by in-situ capping hinders PAH natural degradation, which
might otherwise occur at the surface sediment. In addition, conventional capping usually
doesn’t promote contaminant degradation or removal, and the risk to ecological and
human health may recur if the contaminant can migrate through the caps.

To overcome the limitation of conventional capping, electrode enhanced capping
was proposed and investigated for the bioremediation of PAH contaminated sediment. In
Chapter 3, the potential for this approach was assessed in completely mixed reactors to
demonstrate the effectiveness of this approach under idealized conditions. In this
Chapter, laboratory scale experiments were conducted in simulated sediments/caps to
evaluate the effect of mass transfer limitations under a realistic but controlled laboratory
environment. Phenanthrene concentration profiles in the sediments/caps were measured

at different times to determine the biodegradation rates. Important parameters to
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characterize redox conditions, such as pH, redox potential, and concentrations of redox-
sensitive species, were determined to better understand the changes of biogeochemical
condition with the application of electricity. PAH degrading genes were quantified in the
vicinity of the anode to provide more insight on microbial biodegradation activity.

Three sets of experiments were conducted in this chapter. The experimental study
was first conducted in PAH contaminated sediment with no capping layer to identify the
key processes and parameters for further studies. The high pH buffer capacity in the
sediment would be beneficial for biodegradation with less pH shift. Second, PAH
degradation and redox control were studied in electrode enhanced caps, and upon the
finish of this study, it was expected that some degree of PAH degradation would be
observed. Third, PAH degradation and redox control were investigated in electrode
enhanced caps with bicarbonate amendment. The purpose of the last study was to test
whether PAH biodegradation could be further accelerated by providing an instant soluble
pH buffer in the system.

The goal of all of these tests was to develop a thin aerobic zone in the vicinity of
the anode. In this manner any contaminants that may migrate up out of the contaminated
sediment into the overlying water or cap layer may experience degradation. That is, the
anode is designed to serve as a biobarrier for migrating contaminants. The goal of the
effort was not to change the redox conditions or encourage degradation over a large
sediment zone. Non-migrating contaminants pose little risk to interfacial organisms or the
water column and efforts to encourage degradation over a large volume of sediment
would have substantially greater power requirements, limiting the feasibility of the

approach.
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4.2 PAH DEGRADATION AND REDOX CONTROL IN UNCAPPED SEDIMENT BY ELECTRODES
4.2.1 Materials and methods

4.2.1.1 Microcosm setup and operation

Three 400-mL beaker reactors were used to evaluate the ability of carbon
electrodes to control the redox potential and encourage PAH degradation in simulated
static contaminated sediment. One reactor served as a no-applied electricity control
(Control) while electricity was applied to the other two (ElecR1 and ElecR2) through
cloth electrodes. In Control and ElecR1 reactors, 0.05 g/mL of siderite (Prince Agri
Products, Inc., Quincy, Illinois) was mixed with sediment to aid in buffering.

The reactors were filled with sieved (2 mm) sediment (mixture of contaminated
Anacostia River sediment and clean University Lake sediment, ratio 1:5.6). The sediment
was spiked with phenanthrene and naphthalene at a level of ~20 pg/g concentration for
both compounds.

A 5cmx5cm woven carbon cloth (Graphite felt, Wale Apparatus Co, Hellertown,
PA) was placed at 3 cm below the sediment water interface as the anode, and a second,
identical, carbon cloth was placed at 0.5 cm below the sediment-water interface as the
cathode. Deionized water was applied on top of the sediment as overlying water. Water
lost due to evaporation was periodically replenished with deionized water to maintain the
original salt composition.

The graphite electrodes were connected to copper wires by EPO-TEK® 377H
(Epoxy Technology, Billerica, MA), which is a graphite filled epoxy designed for
electronic industries. The graphite power component in the epoxy ensured its electrical
conductivity. The connections between the graphite cloth and copper wires were sealed

with Gardner Bender LTW-400 liquid electrical tape (Gardner Bender, Milwaukee, WI).
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Powered reactors were connected to 2 V Extech 382202 DC power supply
(Extech Instruments Corp., Waltham, MA), and external power was continuously applied

for ~12 weeks except during microelectrode measurement.

4.2.1.2 pH and ORP measurement

pH was measured by MI-405 standard pH microelectrode (Microelectrodes Inc,
Bedford, New Hampshire) and Oxidation Reduction Potential(ORP) was measured by Pt
microelectrode against Ag/AgCl reference. Vertical profiles of pH and ORP from the
sediment-water interface to a depth of 45 mm with 5 mm intervals were acquired. 2
minutes was allowed to reach equilibrium at each depth.

pH microelectrode was calibrated with pH 4, pH 7 and pH 10 standard buffer
solution (Fisher Scientific, Fair Lawn, NJ) before and after each measurement.

Pt microelectrode for ORP measurement was calibrated in pH-buffered, saturated
quinhydrone solution. Two standard solutions were prepared as follows: about 0.05 g
quinhydrone was added to 30 mL of pH 4 and pH 7 buffer solution, respectively. The
mixture was stirred and allowed at least 15 minutes to equilibrate, and then it was stirred
again. Not all of the quinhydrone would dissolve so both solutions should be saturated by
quinhydrone after equilibration. The readings of potential difference between Pt
microelectrode and Ag/AgCl reference electrode in each buffer solution were compared
to Table 4.1. If the reading was more than 10 mV from the proper value, Pt electrode was
cleaned and tested again until it met the standards. The reading was converted and

reported as versus standard hydrogen electrode (SHE).
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Table 4.1 ORP of platinum and Ag/AgCl reference electrode pairs in quinhydrone
dissolved in pH buffer (Sparks, 1996)

pH4 pH7

Temperature (K) 293 298 293 298

Reading (mV) 268 263 92 86

4.2.1.3 Voltammetric determination of redox-sensitive species

Redox-sensitive species (02, Fe*’, Mn?", and S*) were analyzed
electrochemically at discrete depths within the sediment by inserting voltammetric
microelectrodes into sediment porewater. All voltammetric measurements were
performed using an Au/Hg solid-state microelectrode, a platinum counter electrode, and
an Ag/AgCl reference electrode. The Au/Hg microelectrodes consisted of a 100 pm
diameter gold wire housed in glass tubing filled with nonconductive epoxy and connected
via copper wire. They were fabricated according to methods developed by Brendel and
Luther (1995) and Luther et al. (1999). The gold surface was first polished with diamond
pastes of 15, 6, 1, and 0.25 pm (Buehler, Lake Bluff, IL), then plated with mercury at -0.1
V (vs Ag/AgCl reference electrode) in acidic Hg(NO3), solution for 120 s. The gold
amalgam was stabilized by polarizing the microelectrodes at -9 V for 120 s.

Each Au/Hg microelectrode was calibrated for dissolved oxygen by linear sweep
voltammetry, and then for manganese, ferrous iron, and sulfide by square wave
voltammetry (SWV) in 2 mM acetate or HEPES buffers.

Voltammetric analyses for redox-sensitive species were performed by a DLK-

100A potentiostat and a micromanipulator capable of vertical movements at the sub-
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millimeter scale (Analytical Instrument Systems, Inc, Flemington, NJ). The small size of
the working microelectrode, and the precise control of vertical movement, allowed
repeated vertical profiling with high spatial resolution while minimizing bulk sediment
disturbance. Scan parameters and detection limits were the same as those reported in
Brendel and Luther (1995). Triplicate electrodes were used for the measurement and
vertical profiles from the sediment-water interface to a depth of 45 mm with 5 mm

intervals were obtained (the same location as pH and ORP profiles).

4.2.1.4 Phenanthrene porewater concentration measurement by PDMS-coated fiber

Phenanthrene profiles in the sediment interstitial water were measured by
Polydimethylsiloxane (PDMS)-coated fibers manufactured by Fiberguide Industries
(Stirling, NJ). Naphthalene could not be reliably measured by this technique due to its
relatively modest sorption onto PDMS and high volatility. The PDMS-coated fibers
(210/230) had a 210-um core with a 10-um PDMS coating or outer diameter of 230 um.
The ability of the PDMS-coated fibers to quantify sediment porewater concentrations has
been tested in the laboratory (Lu et al., 2011; Mayer et al., 2000). The linear partitioning
relationship of the phenanthrene concentration between the PDMS phase (Cfiver, ng/L
PDMS) and the porewater (Cw, ng/L water) was assumed with a partition coefficient Kt
of 8912.18 (Lu et al., 2011).

For all PDMS analyses, the method described by Lu et al. (2011) was used. The
fiber was cleaned prior to deployment by sonication in hexane for a minimum of half an
hour, followed by a rinse with acetone and then deionized water.

The equilibrium time varies considerably from one fiber type to another and also
depends on the octanol-water partition coefficient (Kow) of the hydrophobic organic

compounds (Cornelissen et al., 2008; Lampert, 2010). Before using PDMS fiber for the

50



measurement of phenanthrene porewater concentration, the uptake kinetic of this type of
fiber (210/230) for phenanthrene was tested and equilibrium time was determined.
During the application of fiber for phenanthrene porewater measurement, fibers were
inserted vertically in the sediment for a period long enough to reach equilibrium. Then
fibers were pulled out from the sediment, rinsed clean (to remove any particles) with
deionized water, cut into 1 cm pieces, and placed into 2 mL HPLC vials with 1 mL of
HPLC-grade acetonitrile. Duplicate phenanthrene concentration profiles were measured

every two weeks during the course of the experiment.

4.2.1.5 DNA extraction and gPCR analysis

At the end of the experiment, sediment cores were collected and dissected into 0.5
cm or 1 cm long subsamples and stored at -20 °C until further analysis. DNA was

extracted and qPCR was performed as previously described.
4.2.2 Results and discussion

4.2.2.1 Redox control, pH changes and redox-sensitive species

When an external power of 2 V was applied to the electrodes in the sediment for
ElecR1 and ElecR2, redox potentials in the sediment around the anode changed. A 2 V of
potential was selected to ensure water electrolysis at the electrodes. A greater potential is
not preferred for stimulating biodegradation since it causes a higher rate of water
electrolysis, consequently results in severe pH changes at both the anode and the cathode.
An increment of redox potential was observed in two powered reactors compared to
control (Figure 4.1). The ORP around the anode (d = 3 cm) increased gradually from an
initial value of ~100 mV, and finally reached ~200 mV after about one month of
operation for both powered reactors. The ORP at the same depth in control reactor was

about 80 — 160 mV during the course of the experiment. The changes in redox conditions
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were not limited to the vicinity of the anode but also took place in the sediment below the
anode. As shown in Figure 4.2, the ORP below the anode (d =3 — 4.5 cm) was about 50 —
150 mV higher in powered reactors than that in the control. Although redox potential
increased in the vicinity of the anode, the ORP at the cathode didn’t decrease notably.
Redox potentials around the cathode were maintained above 300 mv for all the three
reactors though ORP in control was slightly higher than that in powered reactors. It
implies that the oxidized condition at the surface of the sediment will not be altered by
the electrodes, but the redox condition at the deeper sediment will become more oxidized

in favor of PAH degradation.
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Figure 4.1 Vertical profiles of ORP in (a) ElecR1, (b) ElecR2 and (c) Control reactors
on selected days. ORP values were versus standard hydrogen electrode
(SHE). Depth zero was the water-sediment interface. Cathode was at d = 0.5
cm and anode was at d = 3 cm. All the measured profiles are in Appendix B.
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68. ORP values were versus standard hydrogen electrode (SHE). Depth zero
was the water-sediment interface. Cathode was at d = 0.5 cm and anode was
atd=3cm.

With the application of potential, pH in the sediment for powered reactors

changed with time. As shown in Figure 4.3, pH around the cathode (d = 0.5 cm)

increased with time and reached the highest value after about 40 days. The peak pH of

ElecR1 and ElecR2 was 9.7 and 8.9, respectively. pH around the cathode dropped to

about 7.5 and kept at this level until the end of the experiment. pH around the anode

decreased to ~6 from an initial value of 6.4 or 6.7 for powered reactors, and pH in this

acidic zone remained relatively steady with time. Compared to the pH changes induced
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by electrodes in powered reactors, the pH in the control reactor remained relatively
steady with time and depth.
The acidic zone around the anode and the basic zone around cathode were the

result of water electrolysis reactions at the electrodes as follows:

Anode: 2H,0 = 0, + 4H* + 4e E’=1.229V (4-1)
Cathode: 2H,0 + 2e = H, + 20H"™ E’=-0.827V (4-2)
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Figure 4.3  Vertical profiles of pH in (a) ElecR1, (b) ElecR2 and (c) Control reactors.
Depth zero was the water-sediment interface. Cathode was at d = 0.5 cm and
anode was at d = 3 cm. All the measured profiles are in Appendix B.
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The profiles of redox-sensitive species were measured at day 79 when steady state
was achieved (Figure 4.4). Oxygen concentrations at the sediment water interface for
powered and control reactors were 53 - 80 % of saturation level and reached less than
5 % immediately at the depth of 1 cm. There was no observable difference between
powered reactors and control in oxygen level in the superficial sediments. Beneath the
oxic layer, concentrations of Mn?' increased steadily with depth, while modest
concentrations of Fe?* concentrations were observed from d = 2 cm. The levels of ferrous
iron in the deeper sediment in both powered reactors were considerably higher than that
in control. The increased level of ferrous iron in powered reactors resulted from the metal

released in the acidic conditions as follows:

Fe(OH)5(s) + 3H* + e = Fe?* + 3H,0 (4-3)
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4.2.2.2 Phenanthrene concentrations and PAH degrading genes

150

Vertical profiles of redox-sensitive species in ElecR1, ElecR2 and Control
reactors: (a) Oxygen, (b) Mn?" and (c) Fe?". Sulfide was not detected. Each
point represents the mean of triplicate measurements from each electrode,

and error bars are not shown for simplicity. Depth zero was the water-
sediment interface. Cathode was at d = 0.5 cm and anode was at d =3 cm.
Figures with standard deviation are available in Appendix B.

Study on uptake kinetics of phenanthrene by fiber (210/230) revealed that the

concentration of phenanthrene in the PDMS coating reached equilibrium in about 10



hours (Appendix B). In this study, 24 hours of equilibration time were used during each
measurement.

Porewater concentrations of phenanthrene were determined at different depths
every two weeks during the experiment (Figure 4.5). In the superficial sediments (d = 0
and 1 cm), phenanthrene concentration decreased with time in both powered and control
reactors due to biodegradation in oxic environment and volatilization loss. The
phenanthrene levels in powered reactors were consistently higher than those in control in
the superficial sediments because of the difference in initial conditions. Some operational
inconsistence during the setup of the experiment might cause the difference in initial
conditions.

In the control reactor, phenanthrene concentration in the anode zone (d = 3 cm)
didn’t change notably, whereas phenanthrene concentration decreased over time around
the anode in both ElecR1 and ElecR2 (Figure 4.6). The phenanthrene concentrations were
60% and 71% of their initial concentrations at the end of the experiment for ElecR1 and
ElecR2 respectively, but phenanthrene concentration still remained at 90% of initial
concentration for control.

As shown in Figure 4.5, phenanthrene concentration at the anode (d = 3 cm)
decreased with time, whereas phenanthrene concentration at 1 cm above the anode (d = 2
cm) remained almost unaffected throughout the study period in powered reactors. As a
result, phenanthrene concentrations at the anode (d = 3 cm) were lower than those at 1 cm
above the anode (d = 2 cm) after several weeks, showing a unique Z-shaped profile in the
sediment (Figure 4.7). This phenomenon was not observed in the control reactor. The
phenanthrene profile in the control reactor displayed a down gradient from the deeper
sediment toward the sediment water interface. The decrease of phenanthrene at the anode

and the unique Z-shaped profiles provided evidences that the anode placed in the
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sediment could effectively decrease phenanthrene porewater concentration around the

1

anode in the sediment.
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Figure 4.5 Phenanthrene porewater concentration at different depths for (a) ElecR1, (b)
ElecR2 and (c) Control. The results are the means of duplicate samples, and
error bars represent standard deviations.
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Figure 4.6  Phenanthrene porewater concentration around the anode (d = 3 cm). The
results are the means of duplicate samples, and error bars are not shown for
simplicity.
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Figure 4.7 Vertical profiles of phenanthrene porewater concentration in (a) ElecR1, (b)
ElecR2 and (c) Control reactors. Depth zero was the water-sediment
interface. Cathode was at d = 0.5 cm and anode was at d = 3 cm. The results
are the means of duplicate samples, and error bars are not shown for
simplicity.

PAH degrading genes were quantified by qPCR for sediment at the depth of 0-0.5
cm above the anode, 0-0.5 cm below the anode and sediment at the bottom for each
reactor (Figure 4.8). Because no apparent loss of phenanthrene was observed at the

bottom sediment for all the reactors, the level of genes at this depth could be potentially

used as the baseline for comparison. Specifically, all PAH degrading genes were reported
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as an increase from the level of genes at the bottom sediment of ElecR1. The results show
that the gene levels in the vicinity of the anode in ElecR1 increased by about 2 times, but
there was no significant increase of genes in ElecR2 and control reactor. It is not clear
why ElecR1 and ElecR2 behaved differently although it could be as simple as differences
in current (but not measured). The lack of current measurements may have contributed to
an inability to determine why ElecR1 performed better than ElecR2. A considerable
increase of PAH degrading genes was not observed in this study despite the decrease of
phenanthrene levels. It is possible that low PAH concentration may not provide enough
selective pressure for PAH-degrading bacteria so the growth of these bacteria was slow.
Although PAH was utilized as carbon sources, the growth of PAH-degrading bacteria
didn’t reach the exponential phase. Therefore an evident increase of gene levels was not

detected in this study.
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Figure 4.8 PAH degrading gene abundance by qPCR quantification at a depth of 0-0.5
cm below the anode, 0-0.5 cm above the anode, and in the bottom sediment
in ElecR1, ElecR2, and Control. The PAH-RHD, GN gene levels were
normalized by the weight of dry sediment. All the values were reported as
an increase from the level of genes at the bottom sediment of ElecR1. The
results are the means of triplicate samples, and error bars represent standard
deviations.

4.3 PAH DEGRADATION AND REDOX CONTROL IN ELECTRODE ENHANCED SAND CAPS

4.3.1 Materials and methods

Three 400-mL beaker reactors were used to evaluate the ability of carbon
electrodes to control the redox potential and encourage PAH degradation in a simulated
static sand cap placed over contaminated sediment. One reactor served as a no-applied

electricity control (Control) while electricity was applied to the other two (ElecCapl and
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ElecCap2) through cloth electrodes in a layer composed of sand and a 10% mixture (mass
basis) of siderite to serve as a buffer. In one of the two (ElecCap2), a 0.3-mm layer of
siderite was also applied at the sediment and anode interface to aid in buffering.

The reactors were filled with sieved (2 mm) sediment (mixture of contaminated
Anacostia River sediment and clean University Lake sediment, ratio 1:7). The sediment
was spiked with phenanthrene and naphthalene at a level of ~70 pg/g concentration for
both compounds. A 5cmx5cm woven carbon cloth (Graphite felt, Wale Apparatus Co,
Hellertown, PA) was placed on top of the sediment as the anode. A 3.5-cm layer of
sieved (0.425 mm) concrete sand (Riccelli Enterprises, Rush, NY) was placed over the
anode and a second, identical, carbon cloth was placed on the sand layer as the cathode.
A 0.5 cm sand layer was overlain on the cathode. The sand layers were saturated with
electrolyte (2 MM NaCl and 2 mM Na>SO4 mixed electrolyte) initially. Water lost due to
evaporation was periodically replenished with deionized water to maintain the original
salt composition.

The graphite electrodes were connected to copper wires and sealed with liquid
electrical tape as previously described. Powered reactors were connected to 2 V Extech
382202 DC power supply (Extech Instruments Corp., Waltham, MA), and external power
was continuously applied for ~10 weeks except during microelectrode measurement. The
anode and cathode of ElecCap2 were switched between day 56 to day 58 and day 66 to
day 69 to test if alternating anode and cathode could reverse or reduce pH changes.

The current for ElecCapl was initially ~200 pA and gradually dropped to ~100
LA possibly due to precipitation at the cathode (Franz et al., 2002). The current of

ElecCap2 was about 200-250 pA through the entire course of the experiment.

64



pH was measured by MI-405 standard pH microelectrode and ORP was measured
by Pt microelectrode as previously described. Vertical profiles of pH and ORP from the
water-sand interface to a depth of 60 mm with 5 mm intervals were acquired.

Redox-sensitive ~ species (02, Fe*’, Mn?", and S*) were analyzed
electrochemically as previously described.

Porewater concentration of phenanthrene was measured by PDMS-coated fiber as
previously described.

At the end of the experiment, sediment cores were collected and dissected into 0.5
cm or 1 cm long subsamples and stored at -20 °C until further analysis.

Naphthalene and phenanthrene concentration of sediment samples was
determined using a modified version of EPA Method 3550. Sediment samples were
weighed, and mixed with sodium sulfate to disperse the particles and absorb excess
water. 60 mL of hexane/acetone (volume ratio 1:1) were added to the jar and sonicated
for 30 minutes to extract the PAHs. A 2-mL aliquot of hexane/acetone was added to a 5-
mL blow down vial, and then evaporated with a Labconco (Kansas City, MO) Model
79100 RapidVap nitrogen Evaporation System to a volume of ~200 pL and reconstituted
to a volume of 2 mL with acetonitrile. The vial was mixed thoroughly, blown down to the
final volume, and analyzed.

DNA was extracted and qPCR was performed as previously described.
4.3.2 Results and discussion

4.3.2.1 Redox control, pH changes and redox-sensitive species

Figure 4.9 shows the observed changes in redox conditions after application of
power. The average ORP in the sediment layer near the unpowered anode (d = 4-6 cm) in

control reactor was ~90 mv, while those in the powered microcosms, ElecCapl and
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ElecCap2, were ~150 mv and ~190 mv, respectively. The increase of ORP in ElecCapl
was less than that of ElecCap2 because of the smaller current in ElecCapl and
consequently smaller proton and oxygen production rate at the anode. Although redox
potential increased in the vicinity of the anode, the ORP at the cathode didn’t decrease
dramatically. Redox potentials around the cathode were maintained above 300 mv for all
the three reactors. The cathode placement near the interface with the overlying water was
sufficient maintain oxidizing conditions near the cathode.

The pH profile in the sand cap demonstrated a similar change in ElecCap reactors
(Figure 4.10). On day 0, the pH between the anode and cathode in all reactors varied
from around 7 in the deeper sand/sediment to 9 at the surface. After 2 V potential was
applied, the pH gradient through the cap was established: pH in the vicinity of the anode
dropped while pH near the cathode increased slightly. pH in the sediment layer of
ElecCapl and ElecCap2 dropped to 6 and 5.7, respectively. The additional buffer in
ElecCap?2 likely aided in minimizing the pH change in ElecCap2, despite a higher current
flow. The pH in the control reactor remained relatively steady with time and depth.

The relatively poor level of pH control using the siderite buffer led to
investigation of an alternative means of pH control, switching the anode and cathode of
ElecCap? for a short period (2-3 days) to test the ability to recover pH. Although a pH of
5.7 should not lead to total inhibition of bacterial activity (Kastner et al., 1998),
neutralization of soil and sediment is generally considered to be favorable for the
degradation of mineral oil components by bacteria. pH at day 69 was measured after the
anode and cathode were switched (anode at d = 0.5 cm and cathode at d = 4 cm) for 3
days. pH profile at day 69 shows that pH recovery was achieved by this method. pH
around the anode was neutralized to ~6.6 from ~5.7, and pH around the cathode dropped

to ~7.2 from ~9. In general, pH was maintained between 6.3 to 7.2 along the vertical
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profile. Although the goal of pH neutralization was achieved by this method, oxidized

redox conditions developed around the anode diminished somewhat. ORP around the

anode at day 70 decreased to ~110 mv from ~150 mv, only slightly higher than that in the

control.
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Figure 4.9 Vertical profiles of ORP in (a) ElecCapl, (b) ElecCap2 and (c) Control
reactors. Depth zero was the water-cap interface. Cathode was at d = 0.5 cm
and anode was at d =4 cm. All the measured profiles are in Appendix B.
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Figure 4.10 Vertical profiles of pH in (a) ElecCapl, (b) ElecCap2 and (c) Control
reactors. Depth zero was the water-cap interface. Cathode was atd = 0.5 cm
and anode was at d =4 cm. All the measured profiles are in Appendix B.

The concentrations of redox-sensitive species were measured at day 50 when
steady state was achieved. As shown in Figure 4.11, there was almost no difference for
oxygen and Mn?" profiles between powered reactors and control. Compared with oxygen
profiles in the sediments (Figure 4.4), oxygen penetrated deeper beneath the water-cap
interface in the capping layer. In the sediment, oxygen levels were almost zero at 1 cm

beneath the water-sediment interface, whereas oxygen levels were still 6 — 16 % at the
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same depth in the capping layer. Dissolved oxygen penetration depth in sediments is
controlled by aerobic heterotrophic activity, reoxidation of reduced compounds produced
by anaerobic mineralization, and transport by diffusion, advection and bioturbation
(Burdige, 2007). The deeper penetration depth in sand capping was mainly due to lower
organic carbon content of sand cap, and thus less microbial activities.

Similarly to the observations in the experiment of sediments with electrodes, the
concentrations of ferrous iron in the sand/sediment in both electrode enhanced capping
reactors were higher than that in control, especially in ElecCap2. Since pH of ElecCap2
was only ~5.7 compared with circumneutral pH in control, this observation confirmed
that ferrous iron was release from solid phase under acidic conditions in electrode

enhanced capping reactors.
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Figure 4.11 Vertical profiles of redox-sensitive species in ElecCapl, ElecCap2 and
Control reactors: (a) Oxygen, (b) Mn** and (c) Fe**. Sulfide was not
detected. Each point represents the mean of triplicate measurements from
each electrode, and error bars are not shown for simplicity. Depth zero was
the water-cap interface. Cathode was at d = 0.5 cm and anode was at d = 4
cm. Figures with standard deviation are listed in Appendix B.

4.3.2.2 PAH concentrations and PAH degrading genes

PAH degradation experiments in electrode enhanced cap simulators were
conducted for about 10 weeks. From week 0 to week 6, the PDMS fibers were cut into 1

cm pieces, so the spatial resolution of phenanthrene profile was 1 cm. The average
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porewater concentration of phenanthrene at the following four depths were obtained
during this period: 1) in the sand at 0-1 cm above the anode; 2) in the sediment at 0-1 cm
below the anode; 3) in the sediment at 1-2 cm below the anode; 4) in the sediment at 2-3
cm below the anode. From week 8 to week 10, spatial resolution was changed to 0.5 cm
in the vicinity of the anode. For ease of comparison, average concentrations at a spatial
resolution of 1 cm were still used in Figure 4.12. With the assumption of local
equilibrium, the porewater concentration of phenanthrene can be used as an indicator for
the total concentration of phenanthrene in the sediment/sand. At deeper sediment (1-3 cm
below the anode), porewater concentration of phenanthrene remained unchanged in the
control reactor and two ElecCap reactors. However, in the vicinity of the anode,
phenanthrene concentration decreased over time in both sediment and sand for two
ElecCap reactors, and its concentrations remained constant in the control reactor (Figure
4.13). It was also observed that phenanthrene concentration decreased from an initial
value of ~35 pg/L to ~20 pg/L after about 1 month and then increased to ~25 pg/L at the
end of the experiment for both ElecCap reactors. The heterogeneous nature of the
biodegradation gave rise to uncertainty in the measurement as shown in Figure 4.12.
Phenanthrene concentration was averaged in 1 cm section in Figure 4.13; however, there
was a steep concentration gradient within this 1 cm segment as revealed by the profiles
with 0.5 cm resolutions at week 8 and week 10 (Figure 4.14). At d = 0.75 cm in
ElecCapl and ElecCap2 reactors, phenanthrene concentrations were still about the same
as their initial concentration (~35 pg/L), but at d = 0.25 cm, the concentrations decreased
to about 20 upg/L. This implied that biodegradation was limited within sediment
immediately adjacent to the anode (< Icm separation). Although the increase of redox
potential was observed in a broader area, biodegradation was not significantly accelerated

beyond the most adjacent sediment layer.
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Figure 4.12 Phenanthrene porewater concentration at different depths for (a) ElecCapl,
(b) ElecCap2 and (c) Control. The results are the means of duplicate
samples or four samples, and error bars represent standard deviations.

72




(@) Phen 0-1cm below anode (b) Phen 0-1cm abowve anode

40

30 10~
g g
2 20- 2
o o OF

10

O I3 I I3 O I I3 I
0 5 10 0 5 10
Time (Week) Time (Week)

—©— ElecCapl —H— ElecCap2 === Control

Figure 4.13 Phenanthrene porewater concentration around the anode: (a) 0-1 cm below
the anode; (b) 0-1 cm above the anode. The results are the means of
duplicate samples, and error bars are not shown for simplicity.
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Figure 4.14 Vertical profiles of phenanthrene porewater concentration in (a) ElecCapl,
(b) ElecCap2 and (c) Control reactors. Depth zero was the cap-sediment
interface. Anode was at the interface. The results are the means of duplicate
samples, and error bars are not shown for simplicity.

Phenanthrene and naphthalene sediment concentrations in the sediment were
quantified at the end of the experiment. Table 4.2 shows that phenanthrene levels at a
depth of 0-0.5 cm below the anode were 77% and 72% of that in the deeper sediment for

ElecCapl and ElecCap2, respectively. This was consistent with the porewater

measurement by PDMS fiber. The naphthalene concentrations at a depth of 0-0.5 cm
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below the anode to that in the deeper sediment were 69% and 46% for ElecCapl and

ElecCap2, respectively.

Table 4.2 Phenanthrene and naphthalene concentration in solid phase

Phenanthrene (pg/g dry sediment) Control ElecCapl ElecCap2
Co: 0.5-3cm below anode 69.87 £4.98 78.47 +8.29 66.53 +4.80
Ci: 0-0.5cm below anode 61.23 £3.34 60.57 +2.37 47.68 £4.15
Ci/Co 88% 77% 72%
Naphthalene (ng/g dry sediment) Control ElecCapl ElecCap2
Co: 0.5-3cm below anode 69.65 +13.14 77.39 £8.13 70.09 + 18.35
Ci: 0-0.5cm below anode 45.75+8.20 53.56+3.43 32.58 £0.71
Ci/Co 66% 69% 46%

Results are average values from triplicate samples, and values after + denote standard deviation.

PAH degrading genes were quantified by qPCR for sediment at the depth of 0-0.5
cm below the anode (Figure 4.15). An increase of PAH degrading genes was observed in
two ElecCap reactors compared to the control reactor. The normalized gene copy
numbers in ElecCapl and ElecCap 2 reactors were 7 and 3 times greater than that in the

control reactor.
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Figure 4.15 PAH degrading gene abundance by qPCR quantification at a depth of 0-0.5
cm below the anode in control, ElecCapl and ElecCap2 reactors. The PAH-
RHD, GN gene levels were normalized by the weight of dry sediment. All
the values were reported as an increase from control reactor. The results are
the means of triplicate, and error bars represent standard deviation.

4.4 PAH DEGRADATION AND REDOX CONTROL IN ELECTRODE ENHANCED CAPS WITH
BICARBONATE AMENDMENT AS A PH BUFFER

4.4.1 Materials and methods

Four microcosm reactors were used in this study to further investigate PAH
degradation and redox control in electrode enhanced caps with the amendment of
bicarbonate buffers. The control reactor had no power applied, and the sand caps of
control was 1 mm-sieved concrete sand (Riccelli Enterprises, Rush, NY) without any
amendment. The external power was applied to the other three reactors through graphite
cloth electrodes in the amended sand capping layer. The composition of the amended
sand caps was 80 g of siderite, 80 g of calcite, 3.6 g of NaHCO3 and 1 L of 1 mm-sieved
concrete sand. It was expected that siderite and calcite would provide long term pH

buffering capacity while bicarbonate would provide short term pH buffering capacity.
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The reactors were filled with sieved (2 mm) sediment (mixture of contaminated
Anacostia River sediment and clean University Lake sediment, ratio 1:6). The sediment
was spiked with phenanthrene and naphthalene at a level of ~60 pg/g concentration for
both compounds. A 13cmx6cm carbon cloth (Carbon Cloth CC6 Plain, Fuel Cell Earth
LLC, Wakefield, MA) was placed on top of the sediment as the anode. A 3.5-cm layer of
amended sand was placed over the anode and a second, identical, carbon cloth was placed
on the amended sand layer as the cathode. A 0.5 cm amended sand layer was overlain on
the cathode. The sand layers of powered and control reactors were saturated with
freshwater. Freshwater was made by diluting saltwater by a factor of 150. The saltwater
was made by dissolving 35 g of Instant Ocean® sea salts in 1 L of DI water (Stumm and
Morgan, 1996). A multi-channel peristaltic pump (Watson Marlow 205s) was used to
flow the freshwater into the microcosms.

The graphite electrodes were connected to copper wires and sealed with WEST
SYSTEM 105 epoxy resin and 206 slow hardener (WEST SYSTEM, Bay City, MI).
Powered reactors were connected to Extech 382202 DC power supply (Extech
Instruments Corp., Waltham, MA). Among all the three powered reactors, two of them
(CtnCapl and CtnCap2) were operated in a continuous power mode: an external voltage
of ~2 V was applied continuously except during microelectrode measurement; the third
powered reactor (IntmtCap) was operated in an intermittent power mode: an external
voltage of ~2 V was applied 16 hours continuously over a 24-hour period. The applied
voltage and current for all the three reactors are available in Appendix B.

pH was measured by MI-405 standard pH microelectrode and ORP was measured
by Pt microelectrode. Vertical profiles of pH and ORP from the water-sand interface to a
depth of 55 mm with 5 mm intervals were acquired. Redox-sensitive species (O2, Fe?",

Mn?*, and S*) were analyzed electrochemically. Porewater concentration of
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phenanthrene was measured by PDMS-coated fiber with 5 mm spatial resolution. At the
end of the experiment, sediment cores were collected and dissected into 0.5 cm long
subsamples and stored at -20 °C until further analysis. DNA was extracted and qPCR was
performed at the end of the experiment. The detailed experimental procedures were

described in previous sections in this dissertation.
4.4.2 Results and discussion

4.4.2.1 Redox control, pH changes and redox-sensitive species

With the aid of sodium bicarbonate buffer, pH around the anode was buffered
above 6 in all the three powered reactors (Figure 4.16). Compared with control reactor,
only a small drop of pH from 6.4 to 6 was observed in the powered reactors. With pH
maintained at circumneutral pH, PAH biodegradation rates were expected to be
accelerated by the oxygen produced at the anode with less influence of pH shift. While
the pH changes were minimized by bicarbonate buffers, the increase of ORP were not as
obvious as observed in previous experiments. As shown in Figure 4.17, only ORP in
CtnCapl reactor was over 50 mV higher than that in control. The difference of ORP
between the other two powered reactors (CtnCap2 and IntmtCap) and the control was
only 10 —40 mV.

This phenomenon implies that pH and ORP are strongly coupled in the sediments
under electrode enhanced capping. The coupled pH and redox changes are governed by a
complex array of biogeochemical processes.

First, proton produced at the anode not only resulted in pH drop in sediments but
also increased redox potential. This could be explained by Nernst equation of the
dominant redox couple in the sediment. Assumed the dominant redox couple was

Fe(OH)3/Fe?* in the sediment, the redox reaction being (4-3).
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Thus
Ey, = Eo — 3pH + pFe?* (4-4)

Where Ej is the potential of the redox reaction (ORP) and Ey is the standard redox
potential (Stumm and Morgan, 1996).

At the anode, pH drop caused by the production of proton gave rise to ORP
according to Equation (4-4). The contribution of pH on redox change might diminish if
pH changes disappear.

Second, biogeochemical reactions that involve oxygen produced at the anode also
result in the increase of redox potential and the decrease of pH. Take the dominant redox
couple Fe(OH)3/Fe** as an example, Fe(Il) oxidization by oxygen reduced the level of
Fe(II), consequently increasing ORP according to Equation (4-4). For pH changes, many
oxidation reactions by oxygen in the sediment lead to the release of proton, such as the

organic matter oxidation process as follows (Bender and Heggie, 1984):
(CH,0)106(NH3) 14 (HsPO,) + 138 0, = 106 CO, + 16 HNO5 + H;PO, + 122 H,0 (45)

In this study, oxygen and proton were always produced at the same time at the
anode, and it was difficult to accurately distinguish the net effect of each species and
every process involved. Nevertheless, all the observations consistently display an
increase of ORP around the anode, indicating a possible shift in favor of PAH

biodegradation.
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Figure 4.16 Vertical profiles of pH in (a) CtnCapl, (b) CtnCap2, (c) IntmtCap and (d)
Control reactors. Depth zero was the water-cap interface. Cathode was at d
= 0.5 cm and anode was at d = 4 cm. All the measured profiles are in
Appendix B.
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Figure 4.17 Vertical profiles of ORP at (a) Day 20, (b) Day 28, (¢) Day 40 and (d) Day
68. ORP values were versus standard hydrogen electrode (SHE). Depth zero
was the water-sand interface. Cathode was at d = 0.5 cm and anode was at d
=4 cm. All the measured profiles are in Appendix B.

Profiles of redox-sensitive species at day 37 (Figure 4.18) show that the
concentrations of ferrous iron in the powered reactors increased slightly compared with
the control reactor, a similar trend as observed in Figure 4.11. The elevated ferrous iron

level was considered to be associated with decrease of pH in the powered reactors.
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Because of the prevalence of ferrous iron and the absence of sulfide in the sediment
beneath the capping layer, it was determined that the predominant terminal electron
accepting process (TEAP) was ferric iron reduction for all the powered reactors and
control. Although increase of redox potentials was observed in all the powered reactors,
the predominant TEAP in the sediments didn’t change with electrode enhanced caps.

The voltammetric techniques are able to detect dissolved oxygen with a detection
limit of 5 — 25 uM (Brendel and Luther, 1995). But in this study, the voltammetric
techniques failed to detect any dissolved oxygen around the anode though oxygen was
produced at the anode by water electrolysis reaction. Due to the high sediment oxygen
demand, it is unambiguous that only a very thin layer of sediment beneath the anode had
detectable levels of oxygen. The thickness of this thin layer with oxygen present
remained unknown in this study but it should be in the order of millimeters or less.
During the microelectrode measurement, all the microelectrodes were inserted through 1-
cm-diameter precut openings in the graphite cloth. So it is very possible that the
microelectrodes didn’t reach the sediment with detectable levels of oxygen. These
practical or operational limitations of instruments make it very difficult for in-situ

monitoring of oxygen concentration.
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Figure 4.18 Vertical profiles of redox-sensitive species in CtnCap1, CtnCap2, IntmtCap
and Control reactors: (a) Oxygen, (b) Mn?" and (c) Fe**. Sulfide was not
detected. Each point represents the mean of triplicate measurements from
each electrode, and error bars are not shown for simplicity. Depth zero was
the water-cap interface. Cathode was at d = 0.5 cm and anode was at d = 4
cm. Figures with standard deviation are listed in Appendix B.

4.4.2.2 Phenanthrene concentrations and PAH degrading genes

Phenanthrene porewater concentrations were measured with a vertical resolution
of 0.5 cm during a period of 70 days. As presented in Figure 4.19, phenanthrene
porewater concentration remained fairly constant in the deeper sediments (1 — 3 cm

below the anode) in all the powered reactors and control. However, phenanthrene
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concentration in the 1 cm vicinity of the anode displays different trends over time
between powered reactors and control (Figure 4.20). In the powered reactors, the
phenanthrene concentrations at 0.5-1 cm sand above the anode were initially at very low
concentration (< 1 ug/L) and almost non-detectable during the rest of the time; the
concentrations at 0-0.5 cm sand above the anode were initially ~ 2 pug/L and decreased to
less than 0.2 pg/L at the end. On the contrary, in the control reactor phenanthrene
concentrations increased over time in the sand above the anode (at both 0-0.5 cm and 0.5-
1 cm) due to the diffusion of phenanthrene from the underlying sediment. In the
sediments beneath the anode, phenanthrene concentrations decreased over time in
powered reactors, whereas phenanthrene concentrations increased slightly (at 0-0.5 cm
below the anode) or kept constant (at 0.5-1 cm below the anode) in the control. Not
considering the mass in the sand layer, the reduction of phenanthrene mass in the 1 cm
vicinity of sediment were 51%, 44% and 47% compared to initial mass for CtnCapl,
CtnCap2, and IntmtCap, respectively. In the experiment with no bicarbonate amendment,
a lower removal efficiency of phenanthrene (~30%) was observed during a time period of
about the same length. This difference of removal efficiency indicated that maintaining
pH at the normal range (6-8) may be a critical success factor for effective biodegradation
of PAH in electrode enhanced capping.

The low levels of phenanthrene present in the sand layer demonstrated the
effectiveness of the electrode enhanced capping as a biobarrier for remediation of
contaminated sediment. By placing the anode at the sand-sediment interface, migration of
phenanthrene from the underlying sediment was prevented or inhibited considerably.
While contaminant may breakthrough conventional sand capping over time, electrode
enhanced capping could overcome this limitation by creating a biobarrier at the cap-

sediment interface.
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qPCR analysis confirmed increased PAH degrading genes in all the three reactors
(Figure 4.21), indicating that electrode enhanced capping stimulated microbial PAH
biodegradation. The normalized gene copy numbers increased about 2 - 6 fold in powered
reactors compared to those in control, which were comparable to the observations in the
experiments described in 4.3. Compared with the gene increase observed in the slurry
experiment, i.e., nearly 2 orders of magnitude increase, the gene increases in the
sediments under electrode enhanced capping were much less. In the slurry experiment,
the concentrations of phenanthrene and naphthalene decreased rapidly and thus
populations of PAH-degrading bacteria increased significantly. However, in the sediment
under the anode, biodegradation occurred slowly. After about 10 weeks, only
approximate 30% (no bicarbonate amendment) or 50% (with bicarbonate amendment) of
phenanthrene was degraded. It is coherent that the growth of PAH degrading bacteria in
the sediment was much slower than that in well mixed slurry systems.

The IntmtCap reactor was running in an intermittent mode: two third of the time
with power and one third of the time with no power. The results from phenanthrene
concentration show that the biodegradation rates of IntmtCap were almost the same as
those of continuous reactors. In addition, IntmtCap even shows a slightly higher level of
PAH degrading genes, though it is not conclusive to state that IntmtCap is better than
continuous reactors for PAH biodegradation. The success of IntmtCap indicates the
flexibility of electrode enhanced capping for remediation of PAH contaminated sediment.
For instance, the power can be turned off for a short period to diminish pH changes at the
anode. In the field application, if the power is accidently shut down temporally, it is very
possible that the effect is not detrimental but can be recovered when the power resumes.

The noticeable increase in PAH degrading genes between powered reactors and

control indicated that electrodes placed between sand and sediments worked by
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increasing the population of PAH degrading bacteria. This in turn would have led to the
accelerated phenanthrene degradation rates discussed previously. This correlation
between PAH decrease and gene increase supported microbial biodegradation as a
mechanism of decay in electrode enhanced capping. However, a quantitative relationship
between PAH removal efficiency and gene increase can’t be established with limited data
in this study. For instance, the fold changes of genes were between 2 to 6 despite about
the same biodegradation rates among all the three powered reactors with bicarbonate
amendment; in addition, the results from bicarbonate amendment experiments show
relatively higher removal efficiency in the vicinity of the anode, but didn’t show
significant difference in gene increase compared with the no bicarbonate amendment
experiments. Given the uncertainty in biodegradation and the heterogamous nature of the
sediments, a correlation between biodegradation rates and gene copy numbers would
prove difficult (Baldwin et al., 2008). Nevertheless, the consistent detection of PAH

degrading gene increment was seen while PAH biodegradation occurred.
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Figure 4.19 Phenanthrene porewater concentration at different depths for (a) CtnCapl,
(b) CtnCap2, (¢) IntmtCap and (d) Control. The results are the means of
triplicate samples, and error bars represent standard deviations.
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Figure 4.20 Phenanthrene porewater concentration at (a) 0.5-1 cm above the anode, (b)

0-0.5 cm above the anode, (c) 0-0.5 cm below the anode and (d) 0.5-1cm
below the anode. The results are the means of triplicate samples, and error
bars are not shown for simplicity.
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Figure 4.21 PAH degrading gene abundance by qPCR quantification at a depth of 0-0.5
cm below the anode in CtnCapl, CtnCap2, IntmtCap and control reactors.
The PAH-RHD, GN gene levels were normalized by the weight of dry
sediment. All the values were reported as an increase from control reactor.
The results are the means of triplicate, and error bars represent standard
deviation.

4.4.2.3 Cost analysis

It is too early to develop verifiable cost scenarios for electrode enhanced capping
at this initial stage in the development of the technology. However, certain preliminary
estimates have been attempted to assess the potential cost-effectiveness of this
technology. The additional capital costs (compared to conventional capping) mainly
include the energy cost and the material cost of electrode materials. In the experiment of

electrode enhanced capping with bicarbonate amendment, the energy costs for three

&9



powered reactors ranged from 0.35 to 0.5 mW. Considering an electrode area of ~78 cm?,
the energy cost per unit area was only 45-64 mW/m?, i.e. 0.39-0.56 kWh/m?. The average
retail price of electricity to ultimate customers of US in 2011 was 9.99 cents per kWh
(US EIA, 2012). So the additional cost for energy of electrode enhanced capping is about
3.9-5.6 c/m?, i.e. $158-$227 per acre, only a very insignificant portion of the total cost of
in-situ capping. Typical costs of large-scale cap applications are approximately $17—
$21/m? plus the cost of materials (Reible, 2004). In total, the overall placement cost of
electrode enhanced capping is about $30/m?, which is similar to the use of a reactive core
mat (McDonough et al., 2007).

The use of solar panels (photovoltaic modules) as a power supply for chemical
/electrochemical systems and remote sensors has previously been reported (Hart and
Martinez, 2006; Schafer et al., 2007; Park et al., 2008). Solar panels as a power supply
has almost zero pollution, low maintenance cost and a long life, and can be used as a
power source for electrode enhanced capping. To avoid energy fluctuations and for
working during night hours, solar panels need to be connected to a storage battery. The
output of a single solar panel with 40 solar cells ranges from 10 to 300 watts (US DOE,
2011). Because of its low power requirement, a single solar panel can power a large area
of electrode enhanced capping. If the power requirement is 45-64 mW/m? as previously
discussed, a solar panel with a capacity of 100 W can power an area of 1560-2229 m?. So
a one-acre area needs only 2-3 solar panels of 100 W for the application of electrode
enhanced capping.

These analyses shows that electrode enhanced capping can be a cost-effective and
sustainable remediation technology for the management of contaminated sediment. Of
course, for successful application to a specific site, feasibility studies to characterize the

site hydraulics and geochemical parameters need to be performed, and operating
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parameters will likely need to be optimized before scaling up from bench scale to field

scale.

4.5 CONCLUSIONS

The results in this study show that electrode enhanced capping can be used to
control redox potential in a sediment cap, provide microbial electron acceptor, and
stimulate PAH degradation.

Microcosm study was first implemented in the sediments with electrodes placed
horizontally at different depths. The ORP around the anode in powered reactors increased
gradually, and was 50 — 150 mV higher than that in the control. pH around the anode
decreased to ~6 from an initial value of 6.4 or 6.7 in powered reactors. Phenanthrene
concentration at the anode decreased with time, showing a unique Z-shaped profile in the
sediment in powered reactors. These observations provided evidences that the anode
placed in the sediment could effectively decrease phenanthrene porewater concentration
around the anode.

PAH biodegradation and redox control by electrode enhanced capping were
further studied in simulated microcosm reactors. Two carbon cloth electrodes were
emplaced within a sediment cap with an applied potential of 2 V. In the experiment with
no bicarbonate buffer, ORP in the vicinity of the anode increased 60 - 100 mV compared
to the control reactor, and pH dropped to 5.7 and 6 from circumneutral pH. Average
phenanthrene concentrations decreased to ~ 70% of initial concentration in the 1 cm
vicinity of the anode in 10 weeks. In the experiment with bicarbonate buffer, ORP in one
powered reactor was over 50 mV higher than that control and the other two displayed less
ORP changes. With the aid of bicarbonate buffer, only a small drop of pH from 6.4 to 6

was observed in the powered reactors. The results imply that pH and ORP are strongly
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coupled in the sediments under electrode enhanced capping. With pH maintained at
circumneutral pH, PAH biodegradation rates were accelerated by the oxygen produced at
the anode with less influence of pH shift. The reduction of phenanthrene mass in the 1 cm
vicinity of sediment was ~ 50 % compared to initial mass in powered reactors in 10
weeks. qPCR results also show an increase of PAH degrading genes at the depth of 0 -
0.5 cm below the anode. Although these changes are confined to a small layer ( < 1 cm),
the encouragement of PAH degradation in this layer could reduce PAH migration toward
the surface and biota in the sediment and overlying water. These findings demonstrated

the capability of this novel technology for the remediation of contaminated sediment.
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Chapter 5S: Model of Electrode Enhanced Capping

5.1 INTRODUCTION

A model of the electrode enhanced capping was developed to enable prediction of
performance to a broader range of conditions than were evaluated experimentally and to
make preliminary predictions of long-term performance of an electrode enhanced cap
under field conditions. Key goals of the model were to predict performance and behavior
as well as power requirements. The application of an external potential across a capping
layer causes a very complex set of reaction and transport processes to occur within the
system. Numerical simulation of the technology requires a grasp of the physical and
chemical phenomena and mathematical formulation of these processes. These processes
include electrolysis reactions at the electrodes, geochemical reactions in aquatic
sediments and capping layer, electrokinetic processes, and contaminant transport, etc.

Water electrolysis is a major reaction with the application of an external voltage.
The production of oxygen at the anode and the generation of pH gradient in the system
are all driven by water electrolysis reaction. Their reaction rates are proportional to

current as follows (Bard and Faulkner, 2001):
Rate(mol/s) = I/nF (5-1)

Where I is the current, n is the stoichiometric number of electrons consumed in
the electrode reaction, and F is Faraday constant.

As shown in (5-1), current is an important parameter in determining the chemical
reaction rates at the electrodes. However, controlled-voltage instead of controlled-current
technique is generally employed in the application of electrode enhanced capping. So the

first step in model develop of electrode enhanced capping is to predict the current based
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on applied voltage and other parameters, such as thickness of the capping layer and area
of the electrodes.

Once the current is determined, electrode reaction rates can be calculated and they
can serve as inputs for the model of transport and reaction processes. Coupled reactive
transport modeling simulates the distribution of all important species with time, e.g. pH
gradient.

Several mathematical models have been developed to predict transport and
reaction processes during electrokinetic remediation (Alshawabkeh and Acar, 1992;
Alshawabkeh and Acar, 1996; Shapiro et al., 1989; Shapiro and Probstein, 1993; Haran et
al., 1997; Yu and Neretnieks, 1996; Choi and Lui, 1995; Yeung and Datta, 1995; Al-
Hamdan and Reddy, 2008). However, many of these models focus on heavy metals
extraction by electrokinetic process, and do not accurately account for the geochemistry
in the sediment and/or soil. In most of these studies, pH buffering of soil/sand was not
considered, and these models are not suitable for electrode enhanced capping due to the
high pH buffer capacity of sediment. pH is one of the limiting factors have been
recognized to affect the biodegradation of PAH (Das and Chandran, 2011). Therefore it is
necessary to build a model that can accurately describe the pH of sediment/sand with the
application of an external potential across a capping layer.

In this chapter, a voltage-current relationship is developed first and then a coupled
reactive transport model is presented to describe the processes involved and this model

can serve as a design tool for electrode enhanced capping.
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5.2 VOLTAGE-CURRENT RELATIONSHIP

5.2.1 Model development

Water electrolysis is the primary electrochemical reaction at the electrodes during

the application of external power as follows:

Anode: 2H,0 = 0, + 4H* + 4e E°=1.229V (5-2)

Cathode: 2H,0 + 2e = H, + 20H"~ E’=-0.827V (5-3)

The half-cell potential of the anode reaction (5-2) can be expressed by Nernst

equation as follows:
anode anode AF p 02 H

Where Eanode is the half-cell potential of the anode reaction, Enode is the standard
electrode potential, R is ideal gas constant, T is absolute temperature, p(O2) is oxygen
partial pressure at the anode, and [H'] is the H" concentration at the anode. At pH = 7 and
p(O2) =1 atm, Eanode =0.816 V.

The half-cell potential of the cathode reaction (5-3) can be expressed by Nernst

equation as follows:
RT
Ecathode = E(c)athode - ﬁ * ln{p(HZ)[OH_]Z} (5-5)

Where Ecathodee is the half-cell potential of the cathode reaction, Elcathode is the
standard electrode potential, R is ideal gas constant, T is absolute temperature, p(Hz) is
hydrogen partial pressure at the cathode, and [OH] is the OH" concentration at the
cathode. At pH =7 and p(H2) = 1 atm, Ecathode = -0.414 V.

The overall cell potential is written as
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Eo = Eanode — Ecathode (5-6)

That is

RT RT RT
EO = Egnode - Egathode + ? * ln{[H+][OH_]} + E * ln[P(Oz)] + ﬁ * ln[p(Hz)] (5'7)

Although other electrochemical reactions may occur depending on the
concentration of species, their electrochemical potential, and the reaction kinetics, water
electrolysis reaction is considered the dominant reaction and thus only this reaction is
considered during the model development. This likely limits the model to the prediction
of an electrode enhanced cap to freshwater systems.

The overall applied cell voltage is composed of a number of terms, i.e.

V=Eo+ Inal + Incl + Nohmic (5-8)

Where V is the applied voltage, na and nc are the overpotentials at the anode and
cathode, respectively, Nohmic 1S the ohmic loss of the system, and Eo is the thermodynamic
potential of water electrolysis. Equation (5-7) shows that Eyg depends on [H'] and p(O>) at
the anode, and [OH] and p(H>») at the cathode. Although pH may change at both cathode
and anode during the application of an extern power, it is assumed that Eo has a constant
value of 1.23 V, 1.e. thermodynamic potential of water electrolysis at 25 °C at pH = 7.

Theoretically, the relationship between the current at the electrode and the
overpotential follows Butler-Volmer expressions as follows (Newman and Thomas-

Alyea, 2004):

F F
I = Al [exp (aa ﬁn) — exp (—acﬁ n)] (5-9)
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Where I is current, A is electrode active surface area, ip is exchange current
density, F is Faraday constant, R is ideal gas constant, T is absolute temperature, 1 is
overpotential, a, and o are apparent transfer coefficients, which gives the magnitude of
the potential dependence of the electrochemical reaction rates.

In most systems, o and oc turn out to lie between 0.3 and 0.7, and they can
usually be approximated by 0.5 in the absence of actual measurement (Bard and
Faulkner, 2001).

In practice, Tafel equation is generally used to simplify the reaction kinetics as

follows (Bard and Faulkner, 2001; Pletcher and Walsh, 1990):

n=a + b *log,l (5-10)

Or

n=a +b' xlog;,(iA) =a’" + b’ *log;y A+ Db’ *log,,i (5-11)

Where a’ and b’ are empirical parameters, and 1 is current density (current per unit
area).

Assuming both oxygen and hydrogen generation reactions have apparent transfer
coefficients of 0.5 for o, and oc, then parameter b’ in Tafel equation will have the same
value for these two reactions (Appendix C). ma| + nc| term in Equation (5-8) can be

combined into one expression with only two empirical parameters as follows:

Inal + Incl = a+bx*logio(l) (5-12)

The ohmic loss nohmic can be expressed as

AL IL

— (5-13)
Ky Ka

Nohmic =
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Where L is the distance between the anode and the cathode, k. is the effective
electrical conductivity of porous media.
Effective electrical conductivity of water-saturated soil k. can be estimated by

Archie’s empirical law (Archie, 1942; Friedman, 2005):

K, = kO™ (5-14)

Where « is the electrical conductivity of electrolyte, 0 is the porosity of the sand
and m is a material-dependent empirical exponent.
The conductivity of electrolyte k can be estimated by values of equivalent

conductances of ionic species (Bard and Faulkner, 2001)

k= FZ (Iziluic;) (5-15)

Where z; is charge number, u; is mobility and c; is concentration of the ith specie.
Therefore, the overall cell voltage-current relationship can be obtained by
combing Equation (5-8), (5-12), and (5-13):

LI
V=E0+a+b*log101+K— (5-16)

a

It can also be written in terms of current density 1 instead of current I as follows:

LiA
V = E0+a+b*10g10A+ b*10g101+K— (5-17)

a

Once all the parameters in Equation (5-16) or (5-17) are given, cell voltage-
current (or current density) equation is deterministic though the function to determine

current [ by voltage V: I = f(V) is implicit. However, a plot of voltage V verses current I
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can be constructed and the current I under a given value of V can be easily read from the

graph.
5.2.2 Model calibration

The input voltage by an external power and current were measured in three
beakers as described in section 4.2. The sand layers were saturated with electrolyte (2
mM NaCl and 2 mM NaSOs mixed electrolyte) initially though the porewater
composition would be different due to dissolution and ionic species transport. Due to
uncertainty in ionic species composition, porosity of sand 0, and empirical exponent m, a

lumped parameter R is used and Equation (5-16) is written as :

V = EO +a+ b * 10g10 (I) + RI‘StCI (5-18)

Where Ry represents the total resistance between the electrodes.

Parameter a, b and R can be obtained by fitting the model to experimental
results. The model was calibrated using three data sets, and Table 5.1 shows the
calibrated value of parameter a, b and Rixc. Although these three beaker experiments
were conducted as replicates, measured current value at the same input voltage was
slightly different between replicates. Consequently, fitted parameters show some
variation for the different data sets. As shown in Figure 5.1, the model presented above
can be used to describe voltage-current relationship, no matter which set of calibrated
parameters is used. All the three sets of parameters gave very similar results although

each parameter may have some variation between data sets (Figure 5.1 (d)).
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Table 5.1 Fitted parameters a, b and Rysc, coefficient determination R? and root-mean-
square-error (RMSE)

coefficient of root-mean-

a b Riste determination  square error

R? (RMSE)
Expl (4067.§f3i6047) (78.33,8?28.8) (417(.55,553.2) 0.9861 9333
Exp2 (5598.3?'12099) (176‘.16553,1%726.9) (403?2,95816.2) 0.9871 90.14
Exp3 (692%51,03525) (2386.2?.12130) (76.357,362;0.7) 0.9738 1283
Al 894.7 524.6 540 0.9764 110

(715.1,1074)  (332.4,716.8) (405.4, 674.6)

Values in parentheses denote lower and higher bound of 95% confidence intervals.
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Figure 5.1 Comparison of the model with experiments: (a) Expl, (b) Exp2, (c) Exp3,

(d) All the three experiments. Dotted lines represent 95% confidence
intervals.

The currents predicted by Equation (5-16) are higher than experimental data when
the currents exceed ~1.8 mA for all the three datasets. Figure 5.2 illustrates the effect of
limiting current for Exp2. It is observed that when the current is greater than ~1.8 mA or
the voltage is greater than ~3.2 V, the model’s predicted currents are higher than
measured currents. This inconsistency is due to the effect of ion migration on limiting
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currents. The electric current is carried by salt ions migrating between the electrodes, and
slow ion migration will limit the current driven by the electrode reactions. Therefore the
model developed here is only suitable for low current situation. However, in the
application of electrode enhanced capping, the observed current is only about 0.2 mA, so

the model is still valid under this low current application.
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Figure 5.2  The effect of limiting current in Exp2. Dotted line is the fitted model
excluding the last two experimental data.

5.2.3 Voltage components analysis

The overall input voltage is composed of three components:

1) A constant thermodynamic potential of water electrolysis Eo;

2) The sum of overpotential 1 at both electrodes, n = a + b*logio(I);

3) Ohmic loss between the anode and cathode, Nohmic = Rrste ¥ 1.

In this study, when applied voltage is greater than about 1.6 V, significant water
electrolysis reactions occur at electrodes. Both overpotential and ohmic loss increase with

input voltage, but Eo remains a constant. In Exp2 (Figure 5.3), overpotential increases
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significantly initially from ~1.6 V but the increase rates declined with input voltage.
However, ohmic loss increases slowly from ~1.6V to ~2.0 V, and then it increases almost
linearly with input voltage. Although the above voltage component analysis was only
performed for Exp2 as an example, the results for other systems should be similar. In
practice, both ohmic loss and overpotential should be kept low so as to maximize the
voltage efficiency provided water electrolysis is driven by an external potential. To
perform voltage component analysis will help determine the energy distribution in
electrode enhanced capping and simplify the voltage-current relationship. For example,
when overpotential term is negligible compared to the sum of ohmic loss term and Eo
(Moverpotential << Nohmic T Eo), V-I relationship can be approximated by a linear equation .
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Figure 5.3  Voltage components in electrode enhanced capping in Exp2. (a) voltage
components and (b) percentage of voltage components at different input
voltage.
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5.2.4 Application of model in capping design

The model can be used to predict the current and current density of electrode
enhanced capping. In the following analysis, all the results are based on ideal model and
the effect of limiting current is not considered.

Parameter a and b are always associated with electrode materials and need to be
calibrated in laboratory scale experiment. Voltage-current density model is preferred
instead of voltage-current model if the electrode areas will be changed in capping design.

Another important parameter in capping design is the thickness of electrode
enhanced capping, i.e. the distance between the electrodes. According to Equation (5-16),
ohmic loss is proportional to thickness L or resistance Rystc. Figure 5.4 shows the voltage-
current density relationship with different cap thickness. For the cases of r=1, 2, 5 and
10, when input voltage V is large, the relationship between V and current density i is
almost linear. The linear range of this relationship is extended with an increase of
resistance Rigc. This can be explained by voltage component analysis. As shown in
Figure 5.3, although overpotential increases with input voltage, the percentage of
overpotential decreases when V increases beyond ~2.4 V. When overpotential term is
negligible compared to the sum of ohmic loss term and Eo, voltage-current density
relationship will be approximated by a linear expression.

Figure 5.5 shows the input voltage required to achieve the same magnitude of
current density when cap thickness changes. For example, to generate a current density of
12 pA/cm?, 2 V is required in Exp2, but 2.74 V and 3.65 V are required if the cap is 5 and
10 times thicker, respectively. Unlike ohm’s law, the voltage requirement to obtain the
same current density is not proportional to resistance, but much less, in electrode

enhanced capping.
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Figure 5.4  Voltage-current density relationship for different cap thickness. ri is the ratio
of the cap thickness to that of Exp2.
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Figure 5.6 shows the sensitivity of current density with respect to voltage change.
It is noticed that current density is less sensitive to voltage change with a larger cap
thickness (a larger ry). In general, current density is more sensitive to voltage change
when voltage increase (Figure 5.6 a). For the cases of ry = 1, 2, 5 and 10, di/dV increases
first, and then reach a plateau when V increases. For ry = 0.1 and 0.5, current density
increases significantly with voltage, and this increase will finally reach the limiting
current phase (not shown in Figure 5.6), which means the model can’t predict the current
and current density correctly.

Though current density is less sensitive at lower voltage, relative current density
change (di/i) is more sensitive to relative voltage change (dV/V) at lower voltage (under
2 V) compared to that at higher voltage. For the application of electrode enhanced
capping in Exp2 (r; = 1), it is calculated that under 2 V condition, relative current density
change (di/i) is five times larger than relative voltage change (Figure 5.6 b). So a small

change of input voltage will result in more significantly change in current density.
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5.3 MODELING OF TRANSPORT AND REACTION PROCESSES

5.3.1 Modeling of transport processes

The model takes into consideration the following four transport mechanisms of

aqueous species in capping sand and sediment under the influence of DC electrical field:

(1) Advection due to the movement of groundwater under hydraulic gradient.

Where Jaav is the advective flux, c is the concentration of species in porewater,

and q is Darcy velocity.

(2) Advection due to electroosmosis.
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Jeo = —0¢KeoVVep (5-20)

Where Jeo is the advective flux due to electroosmosis, 6 is porosity, Vep is
electrical potential, and ke, is the electroosmotic permeability which depends on the ionic
strength, viscosity and permittivity of the fluid and the properties of the porous medium
(Alshawabkeh and Acar, 1992). A simplified expression for ke, is known as Helmboltz-

Smoluchowski equation (Probstein, 1989):

Koo = — (5-21)

Where ¢, is permittivity of the medium, C is zeta potential of the porous medium,
and p is viscosity of water.

(3) Diffusion due to concentration gradient.

Jair = —0D¢fVe (5-22)

Where Jgir is the diffusive flux due to concentration gradient, and Der is effective
diffusion coefficient.

(4) Ton migration due to ionic movement of charged ions in response to an electric field.

Jmgt = —0zZueFcVVe, (5-23)

Where Jmgt is the ion migrational flux, z is the charge of the ion, uer is the effective
ionic mobility of the ion, and F is Faraday constant (96485 C/mol). The relationship of
the ionic mobility uer and diffusion coefficient Der is provided by Nernst-Einstein

equation:

% (5-24)



Where R is ideal gas constant and T is absolute temperature.

So the total flux J is expressed as

] = ¢q = 0cKeoVVep — 0DV — BzuefFcVV,, (5-25)

The equation for the transport of solute based on continuity equation is

00c (5-26)
s + V] =06R,,

Where J is the total flux, and Ry is the reaction rate of species per fluid volume
due to chemical reaction.

In this study, the following simplifying assumptions were assumed in the
transport model:
(1) The transport processes can be described by a one-dimensional model;
(2) The porosity 0 is constant with time and space.

The one-dimensional equation for the solute transport and reaction is simplified as

dc 0 ac

P (_Def&

av, q oV,
- zuecha—)e(p tgc- keoca—ip) =Ry (5-27)

Similarly, the governing equation for solid species (e.g. calcite) is

dcg, 0 dcg

9 pn % _ 528
6t+6x( Defax) Rs (5-28)

Where c¢s is the concentration of solid species (mole per weight of dry
sediment/sand), and Rs is the reaction rate of solid species per weight of dry
sediment/sand due to chemical reaction.

In the case of compacted sediment and sand, particle movement such as advection

and electrophoresis is insignificant compared to solute transport processes. So it is
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assumed that advection and electrophoresis processes are negligible in the system

(Alshawabkeh, 1994).

5.3.2 Modeling of chemical reactions

The chemical reactions occur in in electrode enhanced capping system are very
complicated due to the complex nature of sediment/sand. The major purpose of this
model is to model pH changes with time in both sediment and sand, so the model only
considers those important reactions that are related to pH changes. These reactions
include:

(1) Water electrolysis at the electrodes during the application of external power as shown
in reactions (5-2) and (5-3).

The water oxidation at the anode is the major proton source in the system, and the
water reduction at the cathode is the major hydroxyl source in the system. The reaction
rate of both reactions can be estimated by the current as in equation (5-1).

(2) Self-ionization of water

H,0 = H* + OH™ (5-29)

The equilibrium constant Ky for equation (5-29) is

K, = [H*][0H"] (5-30)

(3) Equilibrium reactions of carbonate species

H,CO, = H* + HCO3 (5-31)

HCO3 = H* + C0%~ (5-32)

110



The first and second proton dissociation constants for carbonic acid are expressed

as:

_ [H*][HCO3] _
= 1,051 (>-33)

[H*][CO57]

[HCO3] (-39

Kaz =

The relative distribution of acid and different conjugate bases is calculated as a

function of pH:

[H,COs] [H*]?
Ay = = (5-35)
C(TC) [H+]2+Ka1 [H+] + KalKaZ
HCO3 K, [H*
o MO0 Kaili] .
C(TC) [H+] +Ka1 [H+] + KalKaZ
[Cog_] KalKaZ
= = -37
“ =10 T P K 7]+ Ko &0
Where ¢(TC) is the concentration of total carbonate species:
c(TC) = [H,CO5] + [HCO3] + [CO%7] (5-38)

(4) Acid-base reactions with surface hydroxyl groups on the surfaces of oxides

Oxides, especially those of Si, Al, and Fe, are common components of the solid
phases in natural waters, sediments, and soils (Stumm and Morgan, 1996). The various
surface hydroxyls formed on the surfaces of oxides can both associate and dissociate

protons. The acid-base reactions for oxides can be written as:

OXOH} = OXOH + H* (5-39)
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OXOH = OXO~ + H* (5-40)

Where OXOH represents a surface hydroxyl group
Similarly to carbonate species, the first and second proton dissociation constants

for surface hydroxyl groups are defined as:

_ [H*][OXOH]
o1 = “[OXOHI] (5-41)
_ [H*][0XO07] i

The relative distribution of different functional groups of surface hydroxyl is

calculated as a function of pH:

[OXOH] [H*]?

Bo = = TH+2 + (5-43)
C(TOX) [H ] +Kox1 [H ] + Koleoxz
[OXOH] Kox1[H*]

By = = (5-44)
C(TOX) [H ] +Kox1 [H ] + Koleoxz

0X0~ Kox1K

Bz — [ ] — — 0X1+0X2 (5_45)

C(TOX) [H ] +KOX1 [H ] + Koleoxz
Where ¢(TOX) is the concentration of total surface hydroxyl species:
c(TOX) = [OXOHJ] + [OXOH] + [0XO0~] (5-46)

(5) Acid-base reactions with proton-binding groups of humic substances
Soil organic matter is a variable and complex mixture of compounds, and the
detailed composition is usually unknown. It is assumed that the ‘active’ binding fraction

of organic matter is composed of humic substances, so the interactions between protons,
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cations and organic matter in soils can be modeled (Tipping and Hurley, 1988; Tipping,
1994).

The sites of proton-binding groups of humic substances have a range of acidities,
and two types of site (denoted A and B) are recognized. Type A represents strong acid
groups (mainly carboxylic acid) and Type B represents weak acid groups (mainly
phenolic acid) (Stumm and Morgan, 1996; Lofts et al., 2001). It is assumed that there are
half as many Type B groups as type A groups (Tipping, 1998). Carboxylic acid groups
and phenolic groups have pK values between 4 and 6, and between 8 and 11, respectively
(Stumm and Morgan, 1996).

The acid-base reactions with proton-binding groups of Type A and Type B are

written as:
HA = H* + A- (5-47)
HB = H* + B~ (5-48)
H*][A-
KHA == % (5'49)
H*][B~
Kyp = % (5-50)

Where HA and HB represent proton-binding groups of Type A and Type B.
The relative distribution of acid and conjugate base for Type A and Type B

proton-binding groups is written as:

_[HA]  [HT] c51
©0 = (THA) ~ [H*] + Kga (5-51)

113



LY Kua
°1 = .(THA) ~ [H*] + Kna (5-52)

_[HB]  [HY] 5 53
Xo = C(THB) ~ [H*] + Kpup (5-53)
[B~] Kup (5.54)

X1 = C(THB) _ [H'] + Kug

Where ¢(THA) and ¢(THB) are the concentrations of total Type A and Type B

proton-binding groups, respectively:

c(THA) = [HA] + [A7] (5-55)

c(THB) = [HB] + [B7] (5-56)

(6) Calcite precipitation and dissolution

Sediment usually contains minerals such as calcite, dolomite, siderite, etc. that
buffer the pH of porewater in sediment (Jourabchi et al., 2005). Mineral precipitation and
dissolution have an effect on sediment pH depending on concentration of minerals and
kinetics of precipitation/dissolution (Van Cappellen and Wang, 1996). In this study, only
calcite (CaCOs) is included in the model as a typical mineral commonly found in

sediment. Calcite precipitation/dissolution reaction is written as:
CaC05(s) = Ca?* + CO%~ (5-57)
The rate of this reaction can be described by a linear model as (Archer, 1996):

Realcite = Kaiss[CaC05](1 — Q) ifQ <1 (5-58)

Rcalcite = kpctp (-Q - 1) ifQ>1 (5_59)
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Where kaiss is dissolution rate constant, kpctp 1S precipitation rate constant, and Q is

saturation level of calcite and defined as

2+ 2-
Q= w (5-60)
sp

Where Ky, is the solubility product of calcite.
Other reactions, such as silicates dissolution, redox reactions, etc. are not
considered in this study as their impact is negligible on pH distribution (Boudreau, 1991;

Alshawabkeh and Acar, 1992).

5.3.3 Decoupling of transport and reaction processes

In the model, 14 species are considered including H", OH", H.CO3, HCO3", COs?%,
OXOH,", OXOH, OXO-, HA, A", HB, B, Ca* and CaCOs3, so the model consists of a set
of 14 PDEs of transport equations. However, the concentrations of 12 species are
restricted by 7 equilibrium reactions: (5-29), (5-31), (5-32), (5-39), (5-40), (5-47), and
(5-48). The whole system is a differential algebraic system (DAE) consisting of PDEs,
and algebraic equations (AEs).

To decouple the differential algebraic system, it is assumed that the transport
equations can be established for the following aggregate properties: total carbonate
species (TC), total surface hydroxyl species (TOX), total Type A proton-binding groups
(THA), and total Type B proton-binding groups (THB). Similar approaches were used in
early diagenetic models and showed satisfactory results (Van Cappellen and Wang, 1996;
Jourabchi et al.,2005; Archer, 1996).

Total alkalinity, acid-neutralizing capacity of water, is defined as the sum of all

the titratable bases:
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c(TA) = 2[CO%7] + [HCO3] + 2[0X0~] + [OXOH] + [A"] + [B"] + [OH"] — [H*]  (5-61)

Where c(TA) is total alkalinity.

Apply relative distribution coefficient to (5-61):

c(TA) = RQay + ay)c(TC) + (2B, + B1)c(TOX) + 0;c(THA) + x;c(THB) + —— K

The rate of total alkalinity production is derived as
dc(TA) 0c(TC) dQay,+a;) 0[HT]
Framie ay, + ay) 5% + A[H ] * *xc(TC)
+
b 2By +B) dc(TOX) + d(2B, + B1) . Jd[H™] « c(TOX)
Jat d[H*] ot
0c(THA) ~ doy  OlH*) . -  0c(THB) (5-63)
AT am "ar F T —5;
dy; O[H'] K, O0[H"] 0[H"]
T oamn o T Tt e T T
Which is
da, da, dp, dpy
( am t [H+])C(TC)+ (Zd[H’f] T aH ])C(TOX) aH*]
L S S S G NP I (5-64)
ac( )d[H+]C 0 (d[H)+]C [g+(]2 ) dc(THA) dc(THB)
c(TA c(TC c(TOX c(THA c(THB
T Ray + ay) FT (2B, + B1) F TR S PR (G

So the rate of H" production can be expressed in terms of the rates of ¢(TA),

c(TC), c¢(TOX) and c(THB)

a[H* dc(TA) a (TC) a (TOX) dc(THA) dc(THB)
[6t I— [ 2 2y + ) = (2B, + ) = — 01 Cat - X1 Cat ]/HH (5-65)

Where
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i = (2 % i da[lgi]> () + (2 dc[lgi] * dc[llgi]) oron %C(THA) (5-66)
¥ %C(THB) —ﬁ -1

dc[igi] - ([H+_]f E{ZEIin %alj‘;?az)z e

d(fgi] - qﬂiﬁ“ﬁiﬁﬁ +] ;j?a)z)z &0

T TR T R =

T T oy o

drn _ —Kup (5-72)

d[H*]  ([H*] + Kyp)?

After decoupling transport equations and equilibrium reactions, the differential
algebraic system (DAE) with 14 species and 7 equilibrium reactions is converted to a
nonlinear PDEs system with only 7 species, which are H", TC, TOX, THA, THB, calcite

and Ca*".
5.3.4 Model application for sample cases

5.3.4.1 Model parameters

(1) Physical setting

The model was used to simulate an electrode enhanced capping system in vertical
one dimensional domain as shown in Figure 5.7. Sediment was at the bottom from d = 4
cm to d = 30 cm, a 4-cm layer of sand was placed over the sediment (from d =0 cm to d

=4 cm), and a 2-cm layer of overlying water was over the sand capping. Anode was
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placed at the sand sediment interface (d = 4 cm) and cathode was placed at d = 0.5 cm in
the sand layer. The thickness of the electrode materials was taken into consideration in
the model, and it was assumed that both the anode and cathode have a thickness of 0.5
cm. The thickness of the electrodes materials defined the range of hydrogen source and
sink term Ry in the governing equation (5-27) of H' transport and reaction. So the
hydrogen source (anode reaction) located from d = 3.75 cm to d = 4.25 cm, and hydrogen
sink (cathode reaction) located from d = 0.25 cm to d = 0.75 cm.

It was assumed that sand and sediment have the same solid density of 2.5 kg/L

and porosity of 0.5.
_2 =
Water .
o~ oo
_____ <<—cathode
2~ Sand
q (cm)4 <——anode
6 - Sediment
8 L

Figure 5.7 Physical setting of an electrode enhanced capping system in vertical one
dimensional domain. d is the depth below the water sand interface.
(2) Electrochemical reactions
In section 4.3, the current for ElecCap?2 is ~ 200 pA with an electrode area of ~ 25
cm?, so the current density is 8 wA/ cm?. The rate of H* or OH" production with ~75%
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coulombic efficiency by (5-1) is 1.55*10°° mol/s. It is assumed that the reactions occur

within 25cm?*0.5cm (Area*Thickness) porous medium as a triangular rate function

(Figure 5.8).
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Figure 5.8 Triangular function of proton production rate by electrode reactions.

(3) Electrical potential Vep

Previous studies on modeling of transport and reactions processes by electrical
field showed that electrical potential gradient varied with time, but in general the
electrical potential profile could be approximated by a linear relationship between two
electrodes (Yu and Neretnieks, 1996). In this study, it was assumed that electrical
potential Ve, was linear between the anode and the cathode. The difference of Ve
between two electrodes (i.e. ohmic loss) was estimated to be 0.2 V with an external
voltage of 2 V (Figure 5.3).

(4) Transport parameters

Effective diffusion coefficient Der for aqueous species was estimated from

molecular diffusion coefficient and tortuosity factor, and Der for solid species was assume
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to be 1*10713 m?/s (Van Cappellen and Wang, 1996). There is no established method to
measure the effective ionic mobility of an ion in porous medium. Effective ionic mobility
uer of the ion was calibrated. Transport parameters for each simulated species in the

model are listed in Table 5.2.

Table 5.2 Transport parameters for each species in the model

Det [M?/S]  Uer [M?*mol/(s*C*V)] Charge number z

H* 7*10° 1.88*1013 +1
TC 1%107 4.03*10°13 (ou+202)
Ca**  1*10° 4.03*10°13 +2

Calcite  1*10%2 - -

TOX — 1*1073 - -
THA  1*1073 - -
THB  1*10™3 - -

(5) Chemical reaction parameters

Chemical reaction parameters are listed in Table 5.3. The equilibrium reaction
constant of carbonate species is well studied and known, but those of surface hydroxyl
groups and humic substances have a relative large uncertainty. So the parameters of
surface hydroxyl groups and humic substances were obtained from literature or
calibrated. Kinetic parameter of calcite dissolution and precipitation were obtained from
literature. Due to the inhibiting effect of various ions on calcite growth, the onset of
precipitation usually requires Q to be much greater than unity (Zeebe and Sanyal, 2002;

Zeebe, 2007). So calcite precipitation was not taken into account in the model.
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Table 5.3 Chemical reaction parameters in the model

Value Reference

pKw 14 Stumm and Morgan, 1996
pKai 6.35 Stumm and Morgan, 1996
PKaz 10.33 Stumm and Morgan, 1996
PKox1 6.45 Hong et al., 2011
PKoxz 8.96 Calibrated

PKHA 55 Calibrated

PKHs 8.8 Hong et al., 2011

Ko  3.31%10° M? Stumm and Morgan, 1996
Kdgiss 1.16%10°[s?] Slow linear model (Archer, 1996)

Kpetp 0 Zeebe, 2007; Jourabchi, 2005

(6) Initial concentration

Initial conditions used in the study are presented in Table 5.4. The initial
condition for each species present in the system was specified based on its initial

concentration in the laboratory experiments or calibrated.
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Table 5.4 Initial concentrations in the model

Water Sand  Sediment  Unit

pH 7 7 7 -
TC  1*10° 1*10°  1*10° M
ca?* Ksp/[CO37] M
Calcite 1*101° 1*10°  1*10° mol/kg
TOX 4*10"  4*10°  4*10°  mollkg
THA  4*10" 1.6*10° 1.6*10% mollkg

THB [THA]/2 mol/kg

(7) Boundary conditions

As the model is one dimensional, each species needs two boundary conditions.
The top boundary is the air-water interface, and the bottom boundary is modeled as the
interface of sediment and rockbed. Boundary conditions used in the study are presented

in Table 5.5.
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Table 5.5 Boundary conditions in the model

Air-water interface Bottom sediment

pH Jaif + Imgt =0 IC*

TC Jaif + Imgt = 0 IC*

Ca?* Jait + Imgt = 0 IC*
Calcite Total flux =0 Total flux =0
TOX Total flux =0 Total flux =0
THA Total flux =0 Total flux =0
THB Total flux =0 Total flux =0

* Constant concentration boundary condition:
Concentration at the boundary = initial concentration

5.3.4.2 Model application to no advection cases

The reactive transport model was implemented using COMSOL
MULTIPHYSICS 3.5a. In this section, the model was applied to predict the pH profiles
in stagnant sediment and sand system in electrode enhanced capping. So there is no
contribution from advection flow either due to hydraulic gradient or electroosmosis.

Figure 5.9 shows the predicted pH profiles within one day and in longer time. The
initial concentration of H* in the porewater is 107 M. Due to the water electrolysis
reaction at the electrodes, H' is produced at the anode (d = 4 cm) and OH" is produced at
the cathode (d = 0.5 cm), respectively. An acid front is generated at the anode whereas a
base front is generated at the cathode. Although the rate of increase of H' at the anode
and that of OH™ at the cathode are identical, pH shift at the anode is less than 2 order of

magnitude whereas pH increases by 2 orders of magnitude at the cathode. This is due to
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the large buffer capacity of sediment around the anode. Because of diffusion and ion
migration, H tends to move toward the cathode, and OH" tends to move toward the
anode. The acid front drives the base front back to a zone within the last 0.5 cm of the
cathode. Consequently, in most of the region in the cap and sediment, the pH condition is
slightly acidic. The simulation results show that after about 50 days the pH profile
reaches a steady state between the anode and the cathode, when acid front and base front
meet within 0.5 cm of the cathode. Also, a sharp gradient in the pH is generated at the
location where the acid and base fronts meet. The diffusion of H" into the deeper

sediment results pH decrease in the sediment but it takes a longer time to reach steady

state or quasi steady state.
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Figure 5.9 Predicted pH profiles in electrode enhanced capping at different times.
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Figure 5.10 shows the pH at different depths with time. At the cathode, pH
increase to 9 from 7 immediately after the application of power. Then pH at the cathode
decreases slowly due to influence of acid front. Similarly, pH at the anode (d =4 cm) and
between two electrodes (d = 2 cm) decreases after the application of power. Compared
with the pH changes between two electrodes, pH outside this region changes relative
slowly. pH at the air-water interface increases to about 9.4 after 2-3 days and then
decreases slowly. pH in the deeper sediment (d= 7 cm) also has a slower response as
shown in Figure 5.10. This is because ion migration between the electrodes accelerates
the movement of H" and other ions. However, diffusion is the only transport process

affecting ion transport outside this region.
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Figure 5.10 Predicted pH profiles in electrode enhanced capping at different depths.
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In order to assess whether the developed model predicts pH profiles in an
electrode enhanced cap, the predictions of the model were compared with experimental
results from Chapter 4. Comparisons between the modeled and experimental pH profiles
at different times are depicted in Figure 5.11. A reasonable agreement between the
modeled and the experimental results is observed. In the deeper sediment below the
anode (d > 4 cm), the model predicted the pH profile accurately with a deviation of less
than 0.1. In the cathode region (d = 0 - 0.75 cm), the differences between the model and
experimental data were about 0.5, which are still satisfactory results. Furthermore, the
model also captured the pH decrease over time at the cathode, but with a larger rate than
that in experimental data. However, the greatest difference between the model and
experimental observations occurred in the region between the anode and cathode. The
model underestimated the pH profiles especially for the region closed to the cathode.
Both model and experimental results show a sharp gradient in pH profiles, but the
gradient in the model was sharper than that in the experimental result. The sharp pH
gradients have been observed in many electrokinetic experiments, and models were
developed to predict the pH behaviors in the system. Similarly, pH profiles predicted by
models tended to have a sharper gradient than pH observed in experiments (Shapiro and
Probstein, 1993; Haran et al., 1997; Yeung and Datla, 1995; Al-Hamdan and Reddy,
2008; Alshawabkeh and Acar, 1996; Yu and Neretnieks, 1996). Because of the complex
nature of sand and sediment, some reactions were not taken into account in the model,
e.g. some slow reactions of H" and OH" with the surface of the sediment and sand. It is
very possible that the lack of slow reaction kinetics of H" or OH™ in the porous medium
gives rise to the inaccuracy of the model developed in this study and previous

electrokinetic models.
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Figure 5.11 Predicted and experimental pH profiles in electrode enhanced capping at
different times.

5.2.4.2 Model application to advection cases

Many contaminated sediment sites are in shallow, near-shore areas that are
impacted by additional transport processes such as groundwater seepage and tidal driven
movement of the flow (Burnett et al., 2003; McCoy and Corbett, 2009). So advection due
to groundwater discharge and tidal movement is not uncommon and need to be addressed
for electrode enhanced capping.

Electroosmosis in a pore occurs due to the drag interaction between the bulk of
the liquid in the pore and a thin layer of charged fluid next to the pore wall, so liquid
moves under the action of the electric field in a direction parallel to it. The thin layer of
charged fluid, or electric double layer, has a typical thickness between 1 and 10 nm
(Probstein and Hicks, 1993). In the application of electrode enhanced capping, sand is

used as the capping material. Coarse sand is a very porous soil type and lacks capillary
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capacity (Suni and Romantschuk, 2004). Furthermore, it has a very low surface charge
and zeta potential, which makes electroosmosis negligible in the sand (Chen et al., 2002;
Haran et al., 1997; Li et al., 1997). So electroosmotic flow was not taken into
consideration in advection cases.

pH profiles for two groundwater seepage were evaluated: a low Darcy velocity of
5%10® m/s (4.27 mm/d) and a high Darcy velocity of 5%10”7 m/s (4.27 cm/d). As shown
in Figure 5.12, after 20 days, pH at the anode was 5.7, 6.0, and 6.5 for q = 0, 4.27 mm/d,
and 4.27 cm/d, respectively. At other times, the model results also show that pH was
neutralized by the upflowing buffered groundwater for both advective flow cases.
Although pH between two electrodes was neutralized from acidic condition by the
buffered groundwater, sharp pH gradient around the cathode didn’t vanish with advective
flow. With high Darcy velocity (4.27 cm/d), pH profiles reach steady state within 1 day
(Figure 5.13).

The simulated results for advection cases show that pH changes were less severe
at the anode when upflowing buffered porewater goes into the sand cap. So the rates of
PAH biodegradation at the anode may be higher with advective flow compared to

stagnant sediment.
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5.4 CONCLUSIONS

In this chapter, a voltage-current relationship of electrode enhanced capping was
developed and it incorporated several important parameters such as the thickness of
electrode enhanced capping and the area of the electrodes. The model was calibrated by
experimental dataset and empirical parameters were estimated by fitting the model to
experimental data. After calibration, current could be estimated through an implicit

voltage-current relationship. Voltage component analysis was performed to quantify the
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contribution of thermodynamic potential of water electrolysis, overpotentials at
electrodes, and ohmic loss. The model was applied in the design of electrode enhanced
capping, and the effect of capping thickness was investigated. Sensitivity of current with
respect to voltage changes was performed for different capping thickness.

A coupled reactive transport model was developed for multicomponent species
transport focusing on pH profiles under an electric field. In this study, transport processes
included: (1) advection due to the movement of groundwater under hydraulic gradient;
(2) advection due to electroosmosis; (3) diffusion due to concentration gradient and (4)
ion migration due to ionic movement of charged ions in response to an electric field.
Chemical reactions included water electrolysis at the electrodes, self-ionization of water,
equilibrium reactions of carbonate species, acid-base reactions with surface hydroxyl
groups on the surfaces of oxides and with proton-binding groups of humic substances,
and mineral precipitation and dissolution. The differential algebraic system (DAE) was
decoupled to a nonlinear PDEs system including seven species: H", TC, TOX, THA,
THB, calcite and Ca®".

The model successfully predicted the pH gradient in the application of electrode
enhanced capping, and the model predictions reasonably agreed with the experimental
results in no advection cases. pH changes under field condition with upflowing
groundwater seepage were simulated and the results shows that when buffered porewater
goes into cap from sediment, pH is neutralized at the anode.

The model can be a useful tool in the studies of transport and reaction processes

in a porous medium in an electric field and in the design of electrode enhanced capping.
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Chapter 6: Conclusions and Recommendations

6.1 CONCLUSIONS

The purpose of this research was to develop a new active capping technology —
electrode enhanced capping to promote contaminant biodegradation for remediation of
contaminated sediment. Laboratory scale experiments were conducted in slurry reactors
and simulated sediment/cap reactors to evaluate the potential of this novel technology.
Also, mathematical models were developed to describe voltage-current characteristic and
the complex physical and chemical processes in electrode enhanced capping.

In Chapter 3, biodegradation of PAH under aerobic and nitrate reducing
conditions shows the ability of indigenous microorganisms in Anacostia River sediment
to degrade naphthalene and phenanthrene in several days or weeks. The proof of concept
experiment for electrode enhanced capping was conducted in complete mix slurry
reactors. An external potential of 3.5 V was applied to an anaerobic stirred slurry
contaminated with naphthalene and phenanthrene. During a period of 4 days, naphthalene
concentration decreased from ~1000 pg/L to ~50 pg/L, and phenanthrene was degraded
from ~150 pg/L to ~30 pg /L in ElectroBio reactor. The disappearance of naphthalene
was a result of both microbial degradation and electrochemical/chemical reactions, while
the phenanthrene loss appeared to be solely controlled by biotic processes. By comparing
with observations in aerobic and anaerobic control, it is concluded that ElectroBio reactor
could accelerate biodegradation rates from anaerobic condition, and achieve almost the
same rates as aerobic conditions. It is suggested that the presence of the electrodes was
able to maintain aerobic degradation processes despite the initial state of the slurry as
being anaerobic. qPCR analysis using PAH-RHD, Gram Negative primer shows notable
increases of PAH degrading genes in ElectroBio reactor and aerobic conditions, but no

increase in Killed control and anaerobic conditions. The detection of catabolic gene
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increase provided the microbial evidence of PAH biodegradation in ElectroBio reactor
and aerobic conditions.

In Chapter 4, the electrode approach was investigated in a more realistic and
complicated system - microcosm with mass transfer limitation. In the sediment (no
capping) microcosm study, two carbon cloth electrodes were placed horizontally in the
sediment with a separation distance of 2.5 cm. In two powered reactors, the ORP around
the anode was 50 — 150 mV higher than that in the control; pH around the anode dropped
to ~6 from an initial value of 6.4 or 6.7. Phenanthrene vertical profile displayed a unique
Z-shaped profile as the phenanthrene concentration at the anode decreased with time.
These results demonstrated that the anode placed in the sediment could effectively
decrease phenanthrene concentration, and create a more oxidized zone around the anode.
Microcosm experiments of sediment with electrode enhanced caps were conducted to
simulate a capping system. A carbon cloth anode was placed at the sediment cap
interface, and the cathode was placed 3.5 cm above the anode in the capping layer. In the
experiment with no bicarbonate buffer, ORP in the vicinity of the anode increased 60-100
mV compared to the control reactor, and pH decreased to 5.7 and 6 from circumneutral
pH. Average phenanthrene concentrations decreased to ~ 70% of initial concentration in
the 1 cm vicinity of the anode in 10 weeks whereas those in the control remained
relatively constant. In the experiment with bicarbonate buffer, only a small drop of pH
from 6.4 to 6 occurred due to the buffering capacity of bicarbonate. The increase in ORP
was not as great with less pH changes, implying the coupled phenomenon of pH and ORP
in the sediments under electrode enhanced capping. The reduction of phenanthrene
concentration in the 1 cm vicinity of sediment was ~50 %, an increase from ~30% in the
case of no bicarbonate buffer. Creating a biobarrier at the sediment cap interface,

electrode enhanced caps could effectively prevent migration of phenanthrene from the
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underlying sediment to capping layer. The increase of PAH degrading gene compared
with control was detected at 0-0.5 cm sediment below the anode in the experiment with
and without bicarbonate buffer.

In Chapter 5, a voltage-current relationship of electrode enhanced capping was
established with the following form: V=Eo+a+b*logio(I)*+Rrsic*1. Parameters a, b and Ristc
were estimated by fitting the model to experimental data. Current could be determined by
the above implicit voltage-current function. The model was applied in the design of
electrode enhanced capping, and the effect of capping thickness was investigated. A
coupled reactive transport model was built for multicomponent species transport focusing
on pH profiles for electrode enhanced capping. The model predictions and their
comparisons with the laboratory scale experimental results demonstrate that very sharp
changes in the pH profiles exist in electrode enhanced capping. The model was
implemented to simulate pH profile under field condition with upflowing groundwater
seepage, showing that pH is neutralized at the anode with buffered porewater.

In summary, a novel active capping technology — electrode enhanced capping was
proposed and tested in this study. The consistent results from slurry and microcosm
experiments demonstrated that electrode enhanced capping can be used to control redox
potential in a sediment cap, provide microbial electron acceptor, and stimulate PAH
degradation. The treatment demonstrated so far is one of the few successful active
capping technologies for the purpose of enhancing contaminant biodegradation. In
addition, this hybrid approach — coupling electrochemical process with bioremediation
was seldom used for soil and groundwater remediation. This work also bridged the gap
between electrochemical remediation and bioremediation in the field of soil and

groundwater remediation.
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6.2 RECOMMENDATIONS FOR FUTURE WORK

6.2.1 Microbial community analysis

The ability to determine the number and types of microorganisms within a
community is fundamental to understanding the structure and function of an ecosystem.
In this study, the copy numbers of PAH degrading genes were quantified, and it
undoubtedly revealed the microbial activity of certain PAH degrading bacteria. However,
there are several limitations for this approach: 1) it doesn’t cover all the PAH degrading
bacteria; 2) it is very difficult to distinguish the contribution of each PAH degrading gene
that is amplified by the primer; 3) the shifts of microbial community in electrode
enhanced capping remains unknown. To address this issue, it is beneficial to conduct
exhaustive studies of bacterial community in order to determine the unique role that the
bacteria play in electrode enhanced capping. This will also help understand the changes
of distribution and diversity of bacteria, and ecosystem function with electrode enhanced
capping. Clone libraries and/or pyrosequencing can be two powerful tools to achieve this

goal.

6.2.2 Characterization of oxic zone at the anode

Oxygen produced at the anode created an oxic zone at the anode, which is
considered to be the most important factor to enhance PAH biodegradation. However,
several important parameters to characterize the oxic zone are still unknown. These
parameters include oxygen penetration depth, the levels of dissolved oxygen, oxygen
uptake rates by organic matter and other reduced species, oxygen fluxes at the anode, etc.
There currently exist several techniques that can be utilized for oxygen measurement, but
technical difficulties have limited their usefulness in this particular application. Under the

current microcosm setup, monitoring oxygen levels in-situ, in real time, remains a
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technical challenge. So it is advised to design another setup experiment focusing on the

measurement of oxygen with the application of carbon cloth electrodes.

6.2.3 Capping performance under various conditions

The laboratory cap microcosm studies presented in Chapter 4 were conducted in a
thin layer cap under stagnant flow conditions. It has been demonstrated that electrode
enhanced capping could effectively reduce migration of contaminants into the cap in this
setup. The performance of electrode enhanced capping needs to be evaluated under
various conditions before scaling up to field scale. A thick-layer sand capping, which also
means a large separation distance between two electrodes, is worth consideration. With a
larger separation distance, it is easier to accurately control the current due to the low
sensitivity of current with input voltage at large voltage. The pH and redox behaviors are
also of interest when the distance between electrodes changes. Several other electrode
materials and configurations can be tried with more flexibility. For instance, metal
material such as copper or iron can be a quick, inexpensive and easy alternative as
cathode. Another typical case need to be considered is the sediment caps under upflow
conditions. With advective flow, there are benefits to PAH biodegradation due to less pH
shift. But contaminant migration into the capping layer is also accelerated by advection.
So the capping performance needs further investigation under upflow conditions.
Ultimately, electrode enhanced capping can be scaled up to pilot scale and field scale for

remediation of contaminated sediment.

6.2.4 Mineral amendment for pH control

In this study, minerals such as calcite (CaCOs3) and/or siderite (FeCO3) were
amended in the sand capping layer to serve as a solid-phase pH buffering agent.
Preliminary study on using these minerals as pH buffering agent shows that they only
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have very limited buffering capacity at least in short term. A possible explanation for the
poor level of pH control using the mineral buffer is the slow kinetics of dissolution in
stagnant sediment/cap. Mineral dissolution can be surface-controlled if the adsorption of
reactant to the mineral surface is rate-limiting or transport-controlled if detached species
is transported from the surface and into the bulk solution most slowly (Furrer and Stumm,
1986). Some other geochemical reactions may also prevent or slow mineral dissolution.
Many metal oxides and oxyhydroxides, including iron oxides (i.e., ferrihydrite, goethite,
and hematite) may form in the environment as surface coatings (Nachtegaal and Sparks,
2004; Penn et al., 2001). Organic coatings may interfere with dissolution by changing the
surface characteristics, forming inner-sphere complexes, modifying the electrical
properties of the kaolinite—water interface and by masking the mineral surface from
reactant adsorption (Nachtegaal and Sparks, 2003). The mechanism why these minerals
failed to buffer pH remained unknown at this stage and the methods to improve the

dissolution kinetics needs further investigations.
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Appendix A: Supporting Information for Chapter 3

A.1 PCR AMPLIFICATION OF PAH DEGRADING GENES BY PAH-RHDi GRAM NEGATIVE
PRIMER

Figure A.1 Results of agarose gel electrophoresis of PCR amplicon by PAH-RHD,
Gram Negative (GN) primers. Lane 1 is 100bp ladder: the numbers on the
left of each band represent base pairs of preload digested DNA fragments.
Lane 2 and 3 are PCR amplicon (size = 306 bp) by PAH-RHD, GN primer
from Anacostia river sediment incubated with PAH. Bands at other lines are
PCR amplicons using other primers.
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Appendix B: Supporting Information for Chapter 4

B.1 MICROCOSM SETUP OF PAH DEGRADATION AND REDOX CONTROL EXPERIMENTS
b
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Figure B. Microcosm setup of PAH degradation and redox control in uncapped
sediment by electrodes
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Figure B.2 Microcosm setup of PAH degradation and redox control in electrode
enhanced sand caps
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Figure B.3 Microcosm setup of PAH degradation and redox control in electrode
enhanced caps with bicarbonate amendment
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B.2 UPTAKE KINETIC OF FIBER (210/230) FOR PHENANTHRENE
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Figure B.5 Uptake kinetic of fiber (210/230) for phenanthrene. Points represent the
mean of triplicate samples and error bars indicate standard deviation of
triplicate data.
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B.3 ORP AND PH PROFILES IN UNCAPPED SEDIMENT WITH ELECTRODES
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Figure B.6  Vertical profiles of ORP in ElecR1. ORP values were versus standard
hydrogen electrode (SHE). Depth zero was the water-sediment interface.
Cathode was at d = 0.5 cm and anode was atd =3 cm.
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Figure B.7 Vertical profiles of ORP in ElecR2. ORP values were versus standard
hydrogen electrode (SHE). Depth zero was the water-sediment interface.
Cathode was at d = 0.5 cm and anode was at d =3 cm.
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Figure B.8 Vertical profiles of ORP in Control. ORP values were versus standard
hydrogen electrode (SHE). Depth zero was the water-sediment interface.
Cathode was at d = 0.5 cm and anode was atd =3 cm.
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Figure B.9 Vertical profiles of pH in ElecR1. Depth zero was the water-sediment
interface. Cathode was at d = 0.5 cm and anode was at d = 3 cm.
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Figure B.10 Vertical profiles of pH in ElecR2. Depth zero was the water-sediment
interface. Cathode was at d = 0.5 cm and anode was at d = 3 cm.
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Figure B.11 Vertical profiles of pH in Control. Depth zero was the water-sediment
interface. Cathode was at d = 0.5 cm and anode was at d = 3 cm.
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B.4 PROFILES OF REDOX-SENSITIVE SPECIES IN UNCAPPED SEDIMENT WITH
ELECTRODES

(@) Oxygen
—~ 200
21 B clecr1
~~ 100 B ElecR2
© |:|Control
0
0 05 1 15 2 25 3 35 4 45
Depth (cm)
(b) Mn?*
150} I Elecr1
< B ElecR2
=3 1001 X control
© 50 i Hé
0
4 45
Depth (cm)
(c) Fe?*
— 600 B clecR1
= 400| | EEMElCR2
O 200 ™ control
0 .

0 0.5 1 1.5 2 25 3 35 4 45
Depth (cm)

Figure B.12 Concentration of redox-sensitive species in ElecR1, ElecR2 and Control
reactors: (a) Oxygen, (b) Mn?>" and (c) Fe?*. Sulfide was not detected. Each
point represents the mean of triplicate measurements from each electrode,
and error bars represent standard deviations.
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B.5 ORP AND PH PROFILES IN ELECTRODE ENHANCED SAND CAPS (NO BICARBONATE
AMENDMENT)
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Figure B.13 Vertical profiles of ORP in ElecCapl. ORP values were versus standard
hydrogen electrode (SHE). Depth zero was the water-cap interface. Cathode
was at d = 0.5 cm and anode was at d = 4 cm.
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Figure B.14 Vertical profiles of ORP in ElecCap2. ORP values were versus standard
hydrogen electrode (SHE). Depth zero was the water-cap interface. Cathode
was at d = 0.5 cm and anode was at d =4 cm.
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Figure B.15 Vertical profiles of ORP in Control. ORP values were versus standard
hydrogen electrode (SHE). Depth zero was the water-cap interface. Cathode
was at d = 0.5 cm and anode was at d =4 cm.
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Figure B.16 Vertical profiles of pH in ElecCapl. Depth zero was the water-cap interface.
Cathode was at d = 0.5 cm and anode was at d =4 cm.
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pH in ElecCap2
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Figure B.17 Vertical profiles of pH in ElecCap2. Depth zero was the water-cap interface.
Cathode was at d = 0.5 cm and anode was at d =4 cm.
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Figure B.18 Vertical profiles of pH in Control. Depth zero was the water-cap interface.
Cathode was at d = 0.5 cm and anode was at d =4 cm.
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B.6 PROFILES OF REDOX-SENSITIVE SPECIES IN IN ELECTRODE ENHANCED SAND CAPS
(NO BICARBONATE AMENDMENT)
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Figure B.19 Concentration of redox-sensitive species in ElecCapl, ElecCap2 and

Control reactors: (a) Oxygen, (b) Mn** and (c) Fe**. Sulfide was not
detected. Each point represents the mean of triplicate measurements from
each electrode, and error bars represent standard deviations.
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B.7 ORP AND PH PROFILES IN ELECTRODE ENHANCED CAPS WITH BICARBONATE
AMENDMENT
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Figure B.20 Vertical profiles of ORP in CtnCapl. ORP values were versus standard
hydrogen electrode (SHE). Depth zero was the water-cap interface. Cathode
was at d = 0.5 cm and anode was at d = 4 cm.
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Figure B.21 Vertical profiles of ORP in CtnCap2. ORP values were versus standard
hydrogen electrode (SHE). Depth zero was the water-cap interface. Cathode
was at d = 0.5 cm and anode was at d =4 cm.
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ORP in IntmtCap

0 3 3 3 3 T 3

cathode

Depth (cm)

_______ —e—do ||
== —B— d13
—&— d20
A e AR F— 428 [
—<4— d35

d42
sediment | —&— d49
--©-- d56
r r r

0 50 100 150 200 250 300 350 400 450 500
ORP(MV)

Figure B.22 Vertical profiles of ORP in IntmtCap. ORP values were versus standard
hydrogen electrode (SHE). Depth zero was the water-cap interface. Cathode
was at d = 0.5 cm and anode was at d =4 cm.
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Figure B.23 Vertical profiles of ORP in Control. ORP values were versus standard
hydrogen electrode (SHE). Depth zero was the water-cap interface. Cathode
was at d = 0.5 cm and anode was at d = 4 cm.
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Figure B.24 Vertical profiles of pH in CtnCap1. Depth zero was the water-cap interface.
Cathode was at d = 0.5 cm and anode was at d =4 cm.
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Figure B.25 Vertical profiles of pH in CtnCap2. Depth zero was the water-cap interface.
Cathode was at d = 0.5 cm and anode was at d =4 cm.
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Figure B.26 Vertical profiles of pH in IntmtCap. Depth zero was the water-capinterface.
Cathode was at d = 0.5 cm and anode was at d =4 cm.
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Figure B.27 Vertical profiles of pH in Control. Depth zero was the water-cap interface.
Cathode was at d = 0.5 cm and anode was at d =4 cm.
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B.8 PROFILES OF REDOX-SENSITIVE SPECIES IN ELECTRODE ENHANCED CAPS WITH
BICARBONATE AMENDMENT

(a) Oxygen
200 I cincap1
21 I CtnCap2
3 100 [ intmtCap
™ control
0
0 05 1 15 2 25 3 35 4 45 5 55
Depth (cm)
(b) Mn?*
200 I CinCap1
= I CtnCap2
=5
5 100 I intmtCap
™ control
0
0O 05 1 15 2 25 3 35 4 45 5 55
Depth (cm)
(c) Fe*
. 800 -CtnCapl
s 600 B cincap2
= 400 B intmtCap
200 ™ control
0 —
0 05 1 15 2 25 3 35 4 45 5 55
Depth (cm)

Figure B.28 Concentration of redox-sensitive species in CtnCapl, CtnCap2, IntmtCap
and Control reactors: (a) Oxygen, (b) Mn?* and (c) Fe?". Sulfide was not
detected. Each point represents the mean of triplicate measurements from
each electrode, and error bars represent standard deviations.
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B.9 VOLTAGE AND CURRENT IN THE EXPERIMENT OF ELECTRODE ENHANCED CAPS
WITH BICARBONATE AMENDMENT
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Figure B.29 Voltage and current in CtnCap1, CtnCap?2 and IntmtCap reactors in the
experiment of electrode enhanced capping with bicarbonate amendment.

155



Appendix C: Supporting Information for Chapter 5

C.1 DERIVATION OF OVERPOTENTIAL AND CURRENT DENSITY RELATIONSHIP

Theoretically, the relationship between the current at the electrode and the
overpotential follows Butler-Volmer expressions as follows (Newman and Thomas-

Alyea, 2004):

F F
[ = Ai, [exp (aa ﬁn) — exp (—acﬁ n)] (C-1)

Where I is current, A is electrode active surface area, ip is exchange current
density, F is Faraday constant, R is ideal gas constant, T is absolute temperature, 1 is
overpotential, o, and o are apparent transfer coefficients.

For large value of positive 1, i.e. at the anode, the second term in Equation (C-1)
is negligible.

F F
exp (aa ﬁn) > exp (—ac RT n) (C-2)

So Equation (C-1) becomes

F
[o = Aj [exp (%ﬁﬂA)] (C-3)
Or
RT )
Na = o [In(I) — In(Aiy)] (C-4)

Where 14 is current at the anode (Ia > 0), and na is overpotential at the anode (na

>0).
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Similarly, for large value of negative m, i.e. at the cathode, the first term in

Equation (C-1) is negligible, so Equation (C-1) becomes

F
[c = —Aj, [exp (‘%ﬁﬂc)] (C-5)
Or
RT )
flc = = o (n(-10) ~ In(Aio)] (C-6)

Where Ic is current at the cathode (Ic < 0), and nc is overpotential at the cathode
(Mc <0).

The current at the anode has to match the current at the cathode, so [Ia| = |I¢|.
Furthermore, assume both oxygen and hydrogen generation reactions have apparent

transfer coefficients of 0.5 for o, and o, then

2RT
Mal + Incl = ﬁ * [In(In) —In(Aip)] = a'+ b+ loggo 1 (C-7)

a

Equation (C-7) is the simplified Tafel equation including both anode and cathode

reactions.
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